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 Precipitation events are increasing in intensity in the Midwestern United States due to 
climate change, leading to ponding in depressional areas within fields that can feed back on 
climate change by altering soil greenhouse gas (GHG) emissions. Ponding of soils can 
temporarily decrease soil O2 concentrations, creating conditions conducive for anaerobic 
biogeochemical reactions that produce and consume nitrous oxide (N2O) and carbon dioxide 
(CO2). In addition to the contemporary effects of ponding on soil O2 concentrations, repeated 
ponding of soils in depressional areas can alter soil biotic and biotic properties, establishing soil 
drainage legacy effects associated with microtopography that may control variation in soil CO2 
and N2O emissions at the field scale. The role of soil drainage legacy on the response of soil 
GHG dynamics to intense precipitation events has not been previously explored, yet it may be 
important in accurately predicting soil GHG feedback effects on climate change.  
I demonstrate that soil drainage legacy effects lead to different controls on soil CO2 and 
N2O emissions. Specifically, ponding of upslope soils triggered pulses of N2O emissions caused 
by stimulation of gross N2O production by denitrifiers. In contrast, depressional soils only had 
high net N2O emissions between large rain events, and gross N2O production was inhibited 
following ponding. Greater abundance of Fe reducing microorganisms in depressional soils may 
facilitate the production of CO2 from dissimilatory Fe reduction under ponded conditions. 
Additionally, Fe reduction produces Fe(II) compounds that stimulate N2O via 
chemodenitrification, potentially fueling N2O emissions from depressional soils that harbor 
persistent anaerobic microsites. Finally, incorporating variables related to soil drainage failed to 
explain much variation in field-scale N2O emissions. Early in the spring, cold conditions 
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constrain soil N2O emissions by slowing the depletion of soil O2 concentrations by microbial 
respiration. Later in the growing season, soil drainage legacy effects can counteract patterns in 
soil N2O emissions that might otherwise be expected as a result of the distribution of soil 
moisture across microtopographic gradients. Accounting for soil drainage legacy effects may be 
necessary to predict how soil GHG emissions will respond to rainfall intensification and 
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CHAPTER 1: INTRODUCTION 
 
Precipitation exerts a major control on greenhouse gas (GHG) emissions from soils 
(Jarecke et al. 2016). Global climate models predict that precipitation events in the Midwestern 
US will increase in variability and intensity in the coming decades (USGCRP, 2009), likely 
resulting in higher frequency of ponding in upland mesic soils (Gleason 2008). Ponding slows 
the diffusion of oxygen (O2) into soils, allowing for microbial respiration to deplete soil O2 
concentrations. Changes in soil O2 concentrations associated with contemporary ponding can 
alter rates of biogeochemical processes that contribute to soil-atmosphere fluxes of potent GHGs, 
such as nitrous oxide (N2O) and carbon dioxide (CO2) which feedback on climate change. 
Additionally, repeated ponding of soils can alter soil physical properties, substrate availability, 
and microbial community composition (Suriyavirun et al. 2019). These biotic and abiotic soil 
properties may control rates of biogeochemical reactions so that contemporary environmental 
conditions alone cannot predict soil GHG emissions. Thus, the goal of my dissertation was to 
elucidate the role of the immediate (contemporary) and long-term (legacy) effects of ponding on 
N2O and CO2 emissions from upland soils. 
Mineralization of soil carbon (C) represents a major contribution to atmospheric CO2 
concentrations. Traditionally, soil CO2 emissions have been modeled as a function of soil 
temperature and water content, which are thought to regulate enzyme kinetics and substrate 
diffusivity (Del Grosso et al. 2005). More recent models have incorporated substrate availability, 
microbial metabolism, and enzyme activities (Allison et al., 2010; Davidson et al., 2012), but 
may not be suitable for predicting CO2 emission in response to rapid changes in soil conditions 
after large precipitation events. In addition to increasing soil moisture, precipitation events can 
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stimulate soil CO2 emissions via the Birch effect (Birch 1958). This effect is linked to turnover 
of soil microbes upon rapid rewetting of arid soils (Blazewicz et al. 2014). However, the Birch 
effect may not explain precipitation-induced CO2 emissions in a mesic system where soils are 
not rewetted from drought conditions, but rather, experience changes in redox conditions 
associated with soil saturation or inundation. While transient periods of reduced O2 
concentrations inhibit aerobic microbial respiration (Linn & Doran 1984), poorly drained soils 
that experience repeated redox fluctuations may accumulate alternative terminal electron 
acceptors to fuel anerobic microbial respiration (Thompson et al. 2011; Ginn et al. 2017; 
Barcellos et al. 2018) and select for a microbial community capable of using them (DeAngelis et 
al. 2010). As such, a new framework that incorporates the interaction between physical and 
biological variables is needed to understand the controls on soil CO2 emissions in response to 
rain events in upland mesic soils. 
Nitrous oxide is a greenhouse gas with approximately 298 times the global warming 
potential of CO2 (Myhre et al. 2013). Currently, over half of global N2O emissions are from soil, 
with agricultural soils accounting for two-thirds of global soil N2O emissions (Ciais et al. 2013). 
Nitrous oxide emissions are typically modeled as a function of soil moisture and inorganic 
nitrogen (N) availability (Parton et al. 2001). However, soil N2O emissions are notoriously 
variable in space and time and are consequently difficult to predict. Nitrous oxide can be 
produced in soils as a byproduct of nitrification or as an intermediate in denitrification. Low soil 
O2 concentrations can increase the amount of N2O produced via nitrification (Wrage et al. 2001). 
Net N2O flux from denitrification, an anaerobic process, typically peaks around 60% water-filled 
pore space (Davidson et al., 1991; Castellano et al., 2010). Higher soil moisture can lead to 
complete denitrification of N2O to N2 because water slows O2 diffusion into the soil, allowing for 
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the sequential reduction of less energetically favorable terminal electron acceptors, eventually 
leading to the reduction of N2O. Additionally, water increases soil N2O retention, and thus the 
likelihood it will be reduced in the soil. To better understand net N2O fluxes from soils, it is 
important to quantify the controls on gross N2O production as well as gross N2O consumption. 
These controls may include substrate availability (Knowles et al. 1982), soil redox potential 
(Firestone et al., 1980), or the presence of functionally distinct soil microorganisms (Philippot 
and Hallin 2005), all of which can be affected by both past and current soil conditions.  
While contemporary environmental conditions are known to affect soil CO2 and N2O 
emissions, it is less clear how past environmental conditions affect GHG emissions through 
legacy effects on both biotic and abiotic drivers of soil GHG emissions. Changes in soil 
chemistry, physical structure, and microbial community composition caused by historical soil 
drainage may control the response of biogeochemical processes to contemporary environmental 
conditions, such as ponding. Soils from across moisture gradients have been shown to emit 
different amounts of CO2 under controlled conditions (Groffman & Tiedje, 1991; Evans & 
Wallenstein, 2012; Averill et al. 2016). Soil moisture hysteresis can also affect soil N2O 
emissions (Groffman & Tiedje, 1988; Banerjee et al. 2016). Over the long term, repeated 
ponding and soil redox fluctuations can affect organic C availability for heterotrophic microbial 
activity by slowing plant growth (Grable and Siemer, 1968; Kanwar et al. 1988), facilitating the 
release of labile C from organo-mineral complexes (De-Campos et al. 2012; Huang and Hall 
2017; Thompson et al. 2011), and breaking down soil aggregates (Adu and Oades 1978; De-
Campos et al. 2009). Fluctuating soil redox in depressions in surface soils can increase the 
bioavailability of Fe oxides over time by changing their mineralogy towards increasingly poorly 
crystalline forms that are more reactive than crystalline minerals (Barcellos et al. 2018; Ginn et 
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al. 2017; Thompson et al. 2011). Additionally, soil microbial communities can adapt to dynamic 
redox regimes (Banerjee et al. 2016; DeAngelis et al. 2010; Evans and Wallenstein, 2014, 2012; 
Palta et al. 2016; Peralta et al. 2013; Pett-Ridge et al. 2006; Zeglin et al. 2013). Any of these 
factors, individually or in combination, may act as soil drainage legacy effects that control soil 
GHG emissions in response to contemporary environmental conditions.  
The overall goal of my dissertation is to determine how contemporary precipitation 
events and historical soil drainage legacy effects interact to control GHG emissions from upland 
soils. In chapter two, I use field observations and laboratory experiments to characterize the 
response of CO2 emissions and gross N2O fluxes to rain events in depressional (poorly-drained) 
and upslope (well-drained soils). In the third chapter, I explore how differences in Fe availability 
as well as differences in the composition of Fe reducing microbial communities between 
depressional and upslope soils might affect soil CO2 and N2O emissions in response to ponding. 
Finally, in chapter four, I use spatially intensive measurements of field-scale GHG emissions 
with a complementary laboratory experiment to determine if different microtopographic indices 
best constrain the large spatial variation in field scale soil N2O emissions depending on recent 
rainfall amount. Together, this research seeks to improve our understanding of how soil drainage 









CHAPTER 2: HISTORICAL SOIL DRAINAGE MEDIATES THE RESPONSE OF SOIL 
GREENHOUSE GAS EMISSIONS TO INTENSE PRECIPITATION EVENTS1 
 
2.1 ABSTRACT 
Precipitation events are increasing in intensity in the Midwestern United States due to climate 
change. This is resulting in flooding of poorly drained upland soils, which can feed back on 
climate change by altering greenhouse gas (GHG) emissions, including nitrous oxide (N2O) and 
carbon dioxide (CO2). The objective of this study was to determine if soil drainage history 
affects the response of soil GHG emissions to rain events. To do this, we measured N2O and CO2 
fluxes from poorly and well-drained soils in an agricultural field in Urbana, Illinois before and 
after large rain events. We also performed a lab experiment to separate effects of soil drainage 
history from contemporary effects of ponding. Finally, we utilized stable isotope techniques to 
measure gross N2O dynamics and to determine the contributions of nitrifiers and denitrifiers to 
net N2O fluxes. We found that ponding of well-drained soils led to pulses of net N2O efflux 
caused by stimulation of gross N2O production by denitrifiers. In contrast, poorly-drained soils 
had high net N2O effluxes only between large rain events, and gross N2O production was 
inhibited following ponding. Soil CO2 efflux was greater from poorly-drained soils under lab 
conditions, but autotrophic respiration obscured this trend in the field. Soil GHG emissions were 
a result of different contemporary ponding status as well as historical soil drainage, suggesting 
                                                 
1 This work was previously published through Springer in the journal Biogeochemistry. 
Full citation: 
Krichels A, DeLucia EH, Sanford R, Chee-Sanford JC, Yang WH (2019) Historical soil drainage 
mediates the response of soil greenhouse gas emissions to intense precipitation events. 
Biogeochemistry 142:425–442. doi: 10.1007/s10533-019-00544-x 
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that historical soil redox regimes regulate soil GHG dynamics in response to precipitation. These 




 The frequency and magnitude of intense precipitation events is increasing globally 
(USGCRP 2009; Min et al. 2011). In the Midwestern United States, heavy rainfall has led to 
higher frequency, duration, and spatial extent of ponding of upland mesic soils (Gleason 2008; 
Villarini et al. 2013). Changes in soil redox conditions associated with contemporary ponding 
can alter rates of biogeochemical processes that contribute to soil-atmosphere fluxes of 
greenhouse gases (GHGs), such as nitrous oxide (N2O) and carbon dioxide (CO2) which 
feedback on climate change. Depressions in the landscape that are more prone to ponding 
contribute disproportionately to ecosystem level GHG fluxes (Ambus and Christensen 1994; Ball 
et al. 1997; Li et al. 2018; Turner et al. 2016). However, as the spatial extent of ponding 
increases in the future, soil GHG dynamics in these newly ponded areas may not be similar to 
those in historically ponded areas. This can result from differences in soil chemistry, structure, 
microbial community composition, and other factors developed from long-term differences in 
soil moisture or drainage patterns (Averill et al. 2016; DeAngelis et al. 2010; Groffman and 
Tiedje, 1991; Hawkes et al. 2017; Hawkes and Keitt, 2015; Zeglin et al. 2013). Here, we 
differentiate soils based on soil drainage classification determined by the presence of ponding 
after large rain events. We define soil drainage legacy as differences in soil biotic and abiotic 
properties as a result of differences in historical soil drainage. The role of soil drainage legacy on 
the response of soil GHG dynamics to intense precipitation events has not been previously 
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explored, yet it may be important in accurately predicting soil GHG feedback effects on climate 
change. 
 Water inundation effects on soil GHG dynamics in upland ecosystems that experience 
episodic ponding differ from those in perennially flooded ecosystems, such as wetlands and 
peatlands. In flooded ecosystems, soil-atmosphere GHG fluxes are dominated by methane (CH4) 
due to the depletion of terminal electron acceptors (TEAs) higher on the redox ladder, such as 
oxygen (O2) and nitrate (NO3-), which are needed for CO2 and N2O production (Estop-Aragonés 
et al. 2013; Knowles 1982). In soils that experience fluctuating redox conditions, these TEAs are 
replenished during periods when soils are unsaturated and oxic. When the soils inundate, the 
reduction of these replenished TEAs can then be coupled with organic C oxidation to 
anaerobically produce CO2. This phenomenon can be important at the ecosystem level, with the 
reduction of iron (Fe) accounting for up to 40% of CO2 emissions in upland soils that experience 
fluctuating redox conditions (Dubinsky et al. 2010). Soil NO3- pools are replenished by 
nitrification during oxic periods, and can drive N2O production from denitrification, a multi-step 
anaerobic process which reduces NO3- to N2O and then reduces N2O to dinitrogen (N2) when 
NO3- is limiting relative to electron donors such as C (Firestone et al. 1982). After rain events, 
topographic depressions can act as transient hot spots of soil N2O emissions due to increased soil 
moisture (Turner et al. 2008, 2016; Yanai et al. 1965). Furthermore, NO3- and dissolved organic 
matter can accumulate in topographically depressed areas, possibly as a result of lateral 
movement of water, further fueling these hotspots of denitrification (Turner et al. 2008, 2016; 
Yanai et al. 1965). Although depressions may not perpetually act as N2O hot spots, short-lived 
high N2O emissions can act as hot moments that have been shown to account for up to 51% of 
cumulative annual N2O emissions (Kroon et al. 2007; Molodovskaya et al. 2012; Parkin and 
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Kaspar 2006; Saha et al. 2017). Understanding the controls over GHG emissions from different 
soil drainage classes that become transient hot spots under different conditions could, therefore, 
be important to accurately predict how soil GHG fluxes will respond to rainfall intensification 
associated with climate change.    
 Changes in soil chemistry, physical structure, and microbial community composition 
caused by historical soil drainage may control the response of biogeochemical processes to 
contemporary environmental conditions, such as ponding. Short-term legacy effects resulting 
from different precipitation and moisture regimes on the scale of days to months have been 
shown to affect soil CO2 emissions (Groffman & Tiedje, 1988; Evans & Wallenstein, 2012; 
Averill et al. 2016). Soil moisture hysteresis can also affect soil N2O fluxes (Groffman & Tiedje, 
1988; Banerjee et al. 2016). Over the long term, repeated ponding and soil redox fluctuations can 
affect organic C availability for heterotrophic microbial activity by slowing plant growth (Grable 
and Siemer, 1968; Kanwar et al. 1988), facilitating the release of labile C from organo-mineral 
complexes (De-Campos et al. 2012; Huang and Hall 2017; Thompson et al. 2011), and breaking 
down soil aggregates (Adu and Oades 1978; De-Campos et al. 2009). The breakdown of soil 
aggregates by ponding can also alter the distribution of O2 in soil and destroy hypoxic microsites 
that act as hotspots of N2O production via denitrification after soil drainage (Algayer et al. 2014; 
Sey et al. 2008). Fluctuating soil redox in depressions in surface soils can increase the 
bioavailability of Fe oxides over time by changing their mineralogy towards increasingly poorly 
crystalline forms that are more reactive than crystalline minerals (Ginn et al. 2017; Thompson et 
al. 2011). Additionally, soil microbial communities can adapt to dynamic redox regimes 
(Banerjee et al. 2016; DeAngelis et al. 2010; Evans and Wallenstein, 2014, 2012; Palta et al. 
2016; Peralta et al. 2013; Pett-Ridge et al. 2006; Zeglin et al. 2013). Any of these factors or 
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combination of these factors may control soil GHG emissions depending on historical soil 
drainage. Lasting changes to soil biotic and abiotic properties can occur over the course of a 
single growing season (Pett-Ridge et al. 2006; De-Campos et al. 2009, 2012; Banerjee et al. 
2016; Ginn et al. 2017) but can also take many years to develop (Thompson et al. 2011; Evans 
and Wallenstein, 2014, 2012; Zeglin et al. 2013; Averill et al. 2016).  
 The goal of this study was to determine if historical soil drainage affects the response of 
CO2 and N2O emissions from upland soils to intense precipitation events. To test our hypothesis 
that CO2 and N2O dynamics would differ between soils with different historical drainage 
patterns, we measured in situ CO2 and N2O fluxes from poorly- and well-drained areas in an 
active agricultural field prior to and following large rain events. Soil drainage classifications 
were determined based on visual observations of ponding only in areas classified as poorly-
drained in the days following large rain events (> 30 mm over 24 hours). To separate the effects 
of contemporary conditions from soil drainage legacy effects, we performed a laboratory 
experiment in which soils from both drainage classes were subjected to the same flooding and 
drainage treatments. We also used stable isotope pool dilution techniques to measure gross N2O 
production and consumption in the field, and stable isotope tracers to determine the dominant 
process responsible for N2O production in the lab.  
 
2.3 METHODS 
2.3.1 STUDY SITE 
The study was conducted in an agricultural field located at the University of Illinois Crop 
Sciences Research and Education Center in Urbana, Illinois (40° 4' 26.42"N, 88° 14' 19.63"W). 
For over the past 50 years, the field has been primarily rain-fed and is annually planted in maize 
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in odd years and soybeans in even years, including in 2014 and 2015. Mean annual temperature 
in Urbana is 10.9 oC, and mean annual precipitation is 1045 mm (Illinois climate network 2017). 
Precipitation data for the time period of this study were measured 0.5 km away from the study 
site (Illinois climate network 2017). During the period of 1989 – 2012, the daily average air 
temperature for the growing season (June-September) ranged between 22 – 24 oC; the monthly 
average rainfall ranged between 70 – 110 mm for this period (Illinois climate network 2017).  
The study field extends approximately 80 m from north to south along a drainage 
gradient that causes varying frequency and duration of ponding in response to rain. This ponding 
occurs despite underlying tile drainage typical of the Midwest, U.S. Soils in the northern end of 
the field are classified as somewhat poorly drained silt loams from the Flanagan soil series, while 
soils in the southern end are classified as poorly drained silty clay loams from the Drummer soil 
series. These geographically associated soil series occur along a slope profile forming a drainage 
sequence with the Drummer soil in depressed areas; in other words, the characteristics that 
distinguish the two soil series are caused by the differing historical drainage patterns along the 
slope profile. We established two circular sampling areas (10 m diameter) separated by 60 
meters along this soil drainage gradient and for simplicity in terminology hereafter refer to the 
drainage class on the north end as well-drained (WD) and on the south end as poorly-drained 
(PD). The PD soils exhibit ponding when over 30 mm of precipitation fall over 24 hours whereas 
the WD soils never experience ponding. Both the PD and WD soils are under the same 






2.3.2 QUASI-CONTINUOUS IN SITU MEASUREMENTS 
 To characterize how soil redox in the two drainage classes responded to precipitation, we 
measured quasi-continuous in situ bulk soil O2 concentrations and volumetric water content as 
proxies for soil redox. Soil O2 data were collected from 10, 20, and 30 cm depth at one location 
in each drainage class beginning May 10, 2015 using Apogee SO-110 oxygen sensors fitted with 
AO-001 diffusion heads (Apogee Instruments, Logan, UT). Sensor voltage was measured every 
minute, and 30-minute averages were recorded on a CR-100 datalogger (Campbell Scientific, 
Logan, UT). We converted voltage measurements to relative percent O2 using a unique 
calibration factor for each probe determined prior to field deployment. The probes were 
calibrated based on mV measurements at 0% O2 (dinitrogen gas) and 20.95% O2 (ambient air) in 
sealed jars containing water to create a humid environment that mimicked mesic soil conditions. 
We used an empirical function provided in the Apogee SO-110 owner's manual to correct soil O2 
concentrations for temperature in the diffusion head as measured by the SO-110 sensor and 
atmospheric pressure measured at a nearby weather station (Illinois climate network, 2017). Soil 
moisture was measured quasi-continuously using Decagon 5TM probes with EM50 data loggers 
at 10 cm and 30 cm depth from the PD class from April 2015 through September 2015 
(Decagon, Pullman, WA); data are absent from the WD drainage class due to a non-operational 
datalogger.  
 
2.3.3 FIELD MEASUREMENTS OF NET GHG FLUXES 
 We measured in situ net GHG fluxes in the WD and PD classes on 11 dates during June-
July 2014, a period when we expected large rain events to occur. We aimed to quantify fluxes 
before and after large rain events (> 30 mm) that could cause ponding and were successful in 
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doing so for one event in late June. On each sampling date, we randomly placed six 26 cm 
diameter, 10 cm tall polyvinylchloride (PVC) collars in each drainage class, inserting each collar 
approximately 3 cm into the soil surface. After a 30 minute equilibration period, a vented 
acrylonitrile-butadiene-styrene (ABS) plastic chamber top with a rubber septum port was placed 
on each collar (Matson et al. 1990). Gas samples were collected at 0, 5, 15, 30, and 45 minutes 
after the chambers were sealed; they were stored in 10 mL pre-evacuated glass vials sealed with 
thick rubber septa (Geo-Microbial Technologies, Inc., Ochelata, OK) and aluminum crimps 
(Wheaton Industries Inc., Millville, NJ). All gas samples were analyzed on a Shimadzu GC 2014 
gas chromatograph (GC) equipped with an electron capture detector (ECD), flame ionization 
detector, and thermal conductivity detector to measure concentrations of N2O, CH4, and CO2, 
respectively. We determined net trace gas fluxes from the change in gas concentration over time 
using an iterative model that fits an exponential curve to the data (Matthias et al. 1978). Fluxes 
were considered to be zero when there was no significant relationship between gas concentration 
and time (p > 0.05). There were no significant net CH4 fluxes measured in this study.  
 Soil physical and chemical properties were also measured from each gas sampling 
location to provide insight into possible mechanisms driving observed patterns in soil GHG 
fluxes. After the last gas sample was collected from a chamber, we measured the chamber 
temperature and the soil temperature at 10 cm depth in the chamber footprint using an Acorn 
Temp 5 meter (Oakton Instruments, Vernon Hills, IL). A 0-10 cm depth soil sample was 
collected from each chamber footprint and transported at ambient temperature to the laboratory 
for same day processing. A subsample of each homogenized soil sample was shaken in 2 M KCl 
for one hour, and another was shaken in 0.5 N HCl for 24 hours to extract inorganic N and acid-
extractable Fe, respectively. KCl extracts were analyzed colorimetrically for NH4+ and NO3- on a 
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Lachat Quick Chem flow injection analyzer (Lachat Instruments, Milwaukee, WI, USA). HCl 
extracts were analyzed for total Fe and Fe(II) concentrations using a modified ferrozine method 
(Liptzin and Silver, 2009) on a Genesys 5 spectrophotometer (Thermo Scientific Spectronic, 
Waltham, MA). We measured gravimetric soil moisture by oven-drying a soil sample at 105o C 
for at least 48 hours. As part of a separate study, we collected three 0-10 cm cores from each 
drainage class with a 5 cm diameter core (AMS, Inc., American Falls, ID) to measure soil pH 
and bulk density (Suriyavirun et al. 2019). 
  
2.3.4 FIELD MEASUREMENTS OF GROSS N2O FLUXES 
 To determine how gross N2O production and consumption may have contributed to the 
patterns in in situ net N2O fluxes we observed in 2014, we performed field measurements of 
gross N2O fluxes following two large rain events from June-July 2015. We employed the 15N2O 
pool dilution technique (Yang et al. 2011) with the same two-piece static flux chambers used for 
the net trace gas flux measurements. We volumetrically mixed 99 % SF6 (Matheson Tri Gas, Inc. 
Waverly, TN), 99 % N2O at 98 atom % 15N enrichment (Isotech, Richmond, CA, USA), and 
ultra-high purity helium (Airgas, Radnor, PA) in gas sample bags (Restek Corporation, 
Bellefonte, PA) to create a spiking gas consisting of 7.7 ppm SF6 and 13.1 ppm N2O at 98 % 
atom 15N enrichment. We added 10 mL spiking gas to the chamber headspace immediately after 
the chamber top was placed on the collar, with the goal of increasing chamber headspace gas 
concentrations by 25 ppb N2O and 10 ppb SF6, achieving 5 atom % 15N enrichment of the 
chamber headspace N2O pool. Gas samples (90 mL) were collected 0, 5, 15, 30, and 45 minutes 
after spiking gas injection and were stored in pre-evacuated 60 mL glass vials sealed with 
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Teflon-coated rubber septa (Macherey-Negal Inc., Bethlehem, PA) and aluminum crimps 
(Wheaton Industries Inc., Millville, NJ).  
 All gas samples were analyzed for trace gas concentrations and 15N isotopic composition 
of N2O in order to calculate gross rates of N2O production and consumption. A 5 mL aliquot was 
removed from each gas sample vial for determination of N2O, SF6, CH4, and CO2 concentrations 
on the GC. For this experiment, the GC was equipped with a 4 m x 1 mm Hayesep Q column to 
allow adequate separation between N2O and SF6 on the ECD. The remaining gas in each sample 
vial was analyzed for 15N isotopic composition of N2O using an IsoPrime 100 isotope ratio mass 
spectrometer (IRMS) interfaced to a trace gas preconcentration unit (Isoprime Ltd, Cheadle 
Hulme, UK) and a GX-271 autosampler (Gilson Inc., Middleton, WI). To calculate rates of gross 
N2O production and consumption we used the pool dilution model described by Yang et al. 
(2011) and von Fischer & Hedin (2007). The iterative model solves for N2O production based on 
the dilution of the isotopically enriched chamber headspace pool of N2O by natural abundance 
N2O. Gross consumption rates were estimated using the empirical loss of 15N-N2O, using SF6 as 
a tracer to account for physical loss. We assumed that the isotopic composition of produced N2O 
was 0.3431 atom % 15N and the fractionation factor associated with N2O reduction to N2 was 
0.9924 (Yang et al. 2011). N2O yield was calculated as the difference between gross N2O 
production and consumption divided by gross N2O production.  
 
2.3.5 N2O SOURCE LAB EXPERIMENT 
 In September 2015, we collected 24 intact soil cores (0 – 10 cm depth) from each of the 
WD and PD classes for a laboratory 15N tracer experiment to estimate the relative importance of 
nitrifiers and denitrifiers in producing N2O. We collected the cores from relatively dry soils to 
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reduce the potential for soil compaction. We used a 2.5 cm diameter corer (AMS, Inc., American 
Falls, ID) fitted with removable plastic sleeves to collect the intact cores. We discarded cores 
that were clearly compacted during collection; the bulk density of the cores used in the 
experiment were comparable to that of cores collected using a 5 cm diameter corer (1.03 ± 0.10 
and 1.09 ± 0.10 g dry soil cm-3 using the 2.5 cm corer in PD and WD soils, respectively 
compared to 1.05 ± 0.06 and 0.97 ± 0.02 g dry soil cm-3 using the 5 cm corer for PD and WD 
soils, respectively). We removed sleeved soil cores from the corer and capped them at both ends 
prior to transport to the laboratory at ambient temperature. Soil cores were incubated upright, 
with the upper cap removed, in a dark growth chamber (model PGR15, Conviron, Winnipeg, 
Canada) set to mimic mean typical summertime diurnal temperature fluctuations (12 hours at 20o 
C and 12 hours at 30o C) determined from quasi-continuous in situ surface soil (5 cm depth) 
temperature measurements at the site in 2011-2013 (R. Sanford, unpublished data). Soil 
evaporation during the two-day pre-incubation was minimized by placing a tub of water in the 
growth chamber to increase humidity and by loosely covering the cores with aluminum foil.  
We imposed a flooding treatment and a drainage treatment to determine if N2O 
production pathways differed between PD and WD soils under different moisture conditions. 
After two days of the preincubation described above, we flooded all 24 of the cores from each 
drainage class with rainwater. Half of the cores (n = 12 for each drainage class) were drained 
after two days (referred to as the Drained treatment), and half of the cores remained flooded for 
the full five-day incubation period (referred to as the Flooded treatment). Net fluxes of N2O, 
CO2, and CH4 were measured prior to flooding the cores (Day 1) and on days 2 through 4 of the 
treatment incubations. Each day the same two intact soil cores from a given treatment were 
placed together in a sealed jar for net trace gas flux measurements to yield six replicate 
16 
 
measurements per treatment. Real-time trace gas concentrations in the jar headspace were 
measured over eight minutes using a cavity ring down spectrometer (CRDS; Model G2508, 
Picarro, Santa Clara, CA); trace gas fluxes were estimated from the linear change in 
concentrations, excluding the first minute of data when the gases were mixing between the jar, 
CRDS internal headspace, and the tubing connecting the jar to the Picarro (with a total of 174 
mL volume sample loop). Fluxes were considered significant if the change in gas concentration 
exceeded 3 times the reported 5-minute detection limit (0.015 ppm for N2O and 0.6 ppm for 
CO2, Model G2508, Picarro, Santa Clara, CA). 
 To estimate N2O production from nitrifiers and denitrifiers, we used short-term 
laboratory incubations with either 15N-labeled NH4+ or 15N-labeled NO3- (n = 6 for each 
treatment). The production of 15N2O from soils receiving 15NH4+ represents nitrifier nitrification 
and nitrifier denitrification as N2O source processes (van Groenigen et al. 2015) and from soils 
receiving 15NO3- represents heterotrophic denitrification. We did not account for abiotic 
processes, which can be important sources of N2O in arid and semi-arid systems (Wang et al. 
2017) but are likely less important in our mesic study site. On the final day of the treatment 
incubation (Day 5), the soil samples were extruded from their cores and composited in Ziploc 
bags in the pairs that had been used for the CRDS trace gas flux measurements. We did this to 
ensure homogenous 15N enrichment in the soil. The homogenized soil samples were subsampled 
to measure gravimetric moisture and for 2 M KCl extraction to determine initial background 
NH4+ and NO3- concentrations. We split the remaining soil into two subsamples for 15N label 
addition: 1 mL of 99 atom % 15N enrichment NH4Cl (Cambridge Isotope Laboratories, Inc., 
Andover, MA) at a solution concentration of 6.38 μg-N mL-1 was added to one subsample, and 1 
mL of 99 atom % 15N enrichment KNO3 (Cambridge Isotope Laboratories, Inc., Andover, MA) 
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at a solution concentration of 5.83 μg-N mL-1 was added to the other. The initial 15N enrichment 
of the NH4+ pool averaged 15.2 atom % and ranged 3.6 – 33.2 atom %. The initial 15N 
enrichment for the NO3- pool averaged 17.8 atom % and ranged 4.1 – 36.9 atom %. After 15 
minutes, 25 g of each soil sample was extracted in 100 mL of 2 M KCl. The remaining soil was 
sealed in a 250 mL canning jar with a lid fitted with a rubber septum. After 4 hours, a 90 mL gas 
sample was collected from the jar, and then the soil in the jar was extracted for NH4+ and NO3- in 
2 M KCl. Soil NH4+ and NO3- in the KCl extracts were prepared for 15N isotope analysis by acid-
trap diffusion (Herman et al. 1995) and analyzed for 15N isotopic composition on an IsoPrime 
100 IRMS interfaced to a Vario Micro Cube elemental analyzer (Isoprime Ltd, Cheadle Hulme, 
UK; Elementar, Hanau, Germany). The gas samples were analyzed for trace gas concentrations 
on a GC and for 15N-N2O on an IRMS as described above. Net CO2 and N2O emissions were 
calculated by the change in concentration over the course of the incubation. We calculated a 
minimal detectible flux based on the standard deviation of three standard gas samples (1001 ppm 
CO2 and 1.08 ppm N2O) run on the GC. The calculated detection limit for N2O was 0.007 ppm 
hr-1 for CO2 was 5.6 ppm hr-1. We estimated fluxes below this detection limit as zero. We 
estimated nitrifier-derived net N2O fluxes based on 15N2O produced from soils amended with 
15NH4+ scaled by the mean 15N enrichment of the NH4+ pool measured at the 15 minute and final 
time points. Denitrifier-derived net N2O fluxes were similarly estimated using the samples 
amended with 15NO3-. The sum of the nitrifier – and denitrifier – derived N2O fluxes estimated in 
this way exceeded the net N2O flux determined simply from the change in N2O concentration 
(i.e., the net flux of 14N2O + 15N2O) due to N2O reduction to N2 via denitrification during the soil 
incubations. This does not affect our aim to determine the relative contribution of nitrifiers and 
denitrifiers to N2O. Therefore, we calculated the proportional contribution of each process to the 
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sum of nitrifiers- and denitrifiers – derived N2O fluxes and then proportionally adjusted the N2O 
flux estimates for each process so that their sum equaled the net N2O flux.  
 
2.3.6 STATISTICAL ANALYSIS 
We used R version 3.5.1 (R Core Team, 2014) to perform statistical analyses and 
Microsoft Excel version 14.7.7 (Microsoft Corporation, Redmond, WA, USA) to run the 
iterative pool dilution model. Differences in soil physical and chemical variables measured in the 
field from WD and PD soils were assessed using two-tailed student’s t-test. Statistical 
significance was determined at p < 0.05. We used two-way analysis of variance (ANOVA) with 
drainage class and date as factors to compare field fluxes and soil properties before and after one 
large rain event spanning June 23rd and 24th 2014. This was done using the anova function in 
the car package in R (Fox and Weisberg 2011). Type III sums of squares were used to test for the 
presence of an interaction. If no interaction was detected, then type II sums of squares were used. 
When needed, data were either square root transformed or log-transformed to meet the 
assumptions of normality. A small constant of one was added prior to transformation when 
values below one were present. We used linear mixed effects models with drainage class and day 
of experiment as the two fixed factors, and soil core ID as the random factor to assess differences 
in net CO2 and N2O emissions from flooded cores during days 2 through 4 of the N2O source lab 
experiment. This was done using the lme function from the nlme package (Pinheiro et al. 2017). 
We tested the significance of the fixed factors in this model using a likelihood ratio test 
performed using the anova function in car (Fox and Weisberg 2011). We used two-way ANOVA 
with treatment and drainage class as the factors to compare nitrification and denitrification 
derived N2O fluxes from the N2O source lab experiment. We conducted multiple pairwise 
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comparisons corrected using Tukey’s HSD to compare means across all factors for both the field 
and lab measurements. This was done using the lsmeans package (Lenth 2016).  
 
2.4 RESULTS 
2.4.1 SOIL PROPERTIES 
Soil O2 dynamics differed between the PD and WD classes from May 2015 through 
August 2015 (Figure 2.1). During this time, the PD soils consistently had lower soil O2 
concentrations at 10 cm depth compared to the WD soils. After large rain events (i.e., over 30 
mm in 24 hours), 10 cm depth soil O2 concentration in the PD class fell to as low as 0 % and 
took up to a week to rebound to pre-rain levels (Figure 2.1ab). In contrast, soil O2 in the WD 
class never dropped below 10 % at 10 cm depth. Soil O2 decreased with depth in both classes but 
was generally lower in the PD class across both depths (Figure 2.1bc). Volumetric soil moisture 
at 10 cm depth in the PD drainage class was close to 20% under dry conditions, and increased to 
around 35% in response to rain events (Figure 2.1ad). In general, 10 cm depth O2 concentrations 
from PD soils began to decrease when soil moisture increased above approximately 30%.  
Despite their proximity and similar management, soils from the two drainage classes had 
different chemical properties (Table 2.1). Soil from the PD class had higher concentrations of 
total organic C (p < 0.01) and total N (p = 0.05) compared to soils from the WD class. Soils from 
the PD class also had higher pH compared to soils from the WD class, averaging 5.85 ± 0.06 
compared to 5.35 ± 0.07, respectively (p < 0.01). Soil bulk density was not significantly different 





2.4.2 BIOGEOCHEMICAL RESPONSES TO RAIN EVENTS 
Large rain events had strong and opposing effects on net N2O fluxes between the two 
drainage classes (Figure 2.2ab), suppressing emissions in the PD class and stimulating them in 
the WD class (F1,20 = 20.1, p < 0.001). In response to a 64 mm rain event spanning June 23 and 
24, 2014, N2O emissions from the WD class increased from 3.0 ± 0.12 ng-N cm-2 h-1 to 26 ± 12 
ng-N cm-2 h-1 (p < 0.05), whereas N2O emissions from the PD class decreased from 15 ± 3.3 ng-
N cm-2 h-1 to 4.6 ± 2.0 ng-N cm-2 h-1 (p < 0.05). This same pattern occurred in response to other 
rain events for which over 30 mm of precipitation fell within 24 hours during June – July 2014 
(Figure 2.2ab). There was no significant effect of sampling day on soil NH4+ concentrations 
(F1,20 = 0.22, p = 0.6), but there was a significant effect of drainage class (F1,20 = 4.4, p < 0.05), 
with PD soils having higher NH4+ concentrations (Figure 2.2d). Soil NO3- concentrations 
decreased in response to the rain event (F1,20 = 7.4, p = 0.01), but this response did not differ 
between the two drainage classes (F1,20 = 2.8, p = 0.1) (Figure 2.2e). HCl-extractable Fe(II) 
concentrations, used here as a biogeochemically relevant indicator of soil redox, were 
consistently higher for PD than WD soils (F1,20 = 9.4, p < 0.01) and did not change in response to 
the rain event (F1,20 = 0.49, p = 0.49) (Figure 2.2f).  
Field measurements of gross N2O production and consumption rates during June – July 
2015 elucidated the contribution of these two processes to net N2O fluxes (Figure 2.3). There 
was a significant drainage class by day interaction effect on N2O yield (F3,39 = 3.0, p < 0.05), 
defined as net N2O production divided by gross N2O production (Table 2.2). The N2O yield 
remained consistent in the WD class over the four sampling days in 2015, averaging 0.48 ± 0.08. 
In the PD class, the N2O yield was lower on June 27 and July 9 compared to July 11 and July 15 
(Table 2.2). Large rain events occurred within 48 hours before sampling on June 27 and July 9 
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(Figure 2.3a). This increase in N2O yield was a result of a greater increase in gross N2O 
production relative to gross N2O consumption as soils dried on July 11 and July 15, leading to a 
higher proportion of produced N2O being released to the atmosphere. Overall, net N2O fluxes 
were inhibited in PD soils and were stimulated in WD soils following large rain events (Figure 
2.3b). This is the same pattern observed in 2014 (Figure 2.2b) and appeared to be driven by 
suppressed gross N2O production in PD soils following large rain events (Figure 2.3c). Soil NO3- 
concentrations were greater in the WD class on June 27, and were similar on all other sampling 
dates (Figure 2.3e). Soil NH4+ concentrations were greater in the PD class compared to the WD 
class on June 27, July 9, and July 11, and did not differ between drainage classes on July 15 
(Figure 2.3f).   
Large rain events also differentially affected CO2 fluxes in the two drainage classes (F1,20 
= 23.8, p < 0.001), (Figure 2.2c). On June 23, 2014, before the rain event, CO2 fluxes averaged 
25.9 ± 3.13 µg-C cm-2 h-1 from PD soils compared to 16.2 ± 0.88 µg-C cm-2 h-1 in WD soils. 
Afterwards, CO2 fluxes decreased in the ponded PD soils (p < 0.01) whereas they did not change 
significantly in the WD soils, which did not have standing water. After this rain event, CO2 
fluxes were lower in the PD class (2.33 ± 0.56 µg-C cm-2 h-1) compared to the WD class (20.7 ± 
4.70 µg-C cm-2 h-1; p < 0.01). Large rain events also inhibited CO2 efflux from PD soils after 
large rain events on June 30, 2014 (Figure 2.2c), as well June 26 and July 7, 2015 (Figure 2.3g). 
 
2.4.3 N2O SOURCE LABORATORY EXPERIMENT 
One day of flooding stimulated net N2O fluxes from both PD and WD classes (Figure 
2.4a). Fluxes were not detectable before the cores were flooded (Day 1) and returned to non-
detectable levels in the PD soil cores on day 3, after two days of flooding. During days 2 through 
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4, net N2O fluxes were higher in the flooded WD soils compared to the flooded PD soils (Χ2(1) = 
26.0, p < 0.001, Figure 2.4a). There was also a significant day effect that was driven by lower 
N2O efflux from the WD soils on day 4 (Χ2(2) = 8.7, p = 0.01). There was a marginally 
significant interaction effect of drainage class and day on net N2O efflux (F2,30 = 5.5, p = 0.06).  
There was a significant interaction effect on denitrifier-derived N2O fluxes (F1,16 = 5.9, p 
< 0.05), with higher fluxes under the flooded treatment in the WD class compared to all other 
soils (Figure 2.5a). Denitrifier-derived N2O fluxes accounted for over 72% of the total net N2O 
flux for all treatments across both drainage classes. The flooded treatment exhibited higher 
nitrifier-derived net N2O fluxes than the drained treatment (F1,18 = 9.8, p < 0.01, Figure 2.5b); 
there was no significant drainage class or interaction effect on these fluxes (F1,18 = 0.85, p = 0.4, 
F1,18 = 0.84, p = 0.4, respectively). There was a significant treatment effect on total net N2O flux 
(F1,43 = 12.27, p < 0.01), and a marginally significant drainage class and interaction effects (F1,43 
= 3.8, p = 0.06; F1,43 = 3.8, p = 0.06 respectively). Total net N2O flux from the WD class under 
the flooded treatment was higher compared to all other drainage class and treatment 
combinations (p < 0.05). 
Soil CO2 fluxes were suppressed from all soils the day after flooding, but the fluxes 
rebounded during the experimental treatment incubation (Figure 2.4b, Figure 2.5d). During days 
2 through 4 of the experiment, soil CO2 fluxes in the flooded treatment were higher from the PD 
class compared to WD class (Χ2(1) = 11.0, p < 0.001, Figure 2.4b). Additionally, CO2 fluxes 
increased each day during this time (Χ2(2) = 10.9, p < 0.01). We also measured CO2 efflux from 
soils during the N2O source experiment (Figure 2.5d). During this experiment, soil CO2 fluxes 
were higher from the PD class compared to the WD class (F1,44 = 11.6, p< 0.01); overall, fluxes 
were higher in the flooded treatment compared to the drained treatment (F1,44 = 17.2, p< 0. 001).  
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Soil NH4+ concentrations were higher in the flooded treatment than the drained treatment 
(F1,20 = 19.7, p < 0.001) but did not differ significantly between the two drainage classes (F1,20 = 
1.2, p = 0.3, Figure A1a). Nitrate concentrations immediately before the 15N tracer addition were 
higher in the drained treatment than the flooded treatment (F1,20 = 17.3, p < 0.001) and were 
marginally higher in the WD class than the PD class (F1,20 = 3.3, p = 0.08, Figure A1b). Soil 
moisture was higher in the flooded treatment compared to the drained treatment (F1,20 = 4.8, p < 
0.05, Figure A1c). Before the soil cores were flooded, soil moisture did not differ between the 
two drainage classes, averaging 0.21 ± 0.01 g H2O g-1 and 0.22 ± 0.01 g H2O g-1 in the PD and 
WD soils, respectively. 
 
2.5 DISCUSSION 
Both contemporary conditions and historical soil drainage mediated N2O and CO2 
emissions from mesic soils in an agricultural field. Large rain events stimulated net N2O flux in 
WD soils and inhibited it in PD soils (Figure 2.2ab). Hotspots of N2O efflux along topographic 
gradients have previously been attributed to the effect of contemporary soil moisture (Turner et 
al. 2016). Indeed, large rain events only caused ponding in the PD soils where surface soil O2 
concentrations fell near 0% (Figure 2.1b). However, N2O emissions were not just due to different 
contemporary ponding status, as ponding treatments in the laboratory experiment stimulated N2O 
production via heterotrophic denitrification to a greater degree in WD compared to PD soils 
(Figure 2.5a). Soil CO2 efflux was also inhibited after large rain events (Figure 2.2ac), but 
autotrophic respiration may have obscured any patterns between rain events in the field due to 
the contribution of root respiration to soil respiration during the growing season. Under lab 
conditions, soil CO2 efflux was consistently greater from PD soils (Figure 2.4b). Ponding 
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initially inhibited CO2 efflux from both drainage classes, but CO2 emissions rose as ponding 
duration increased (Figure 2.4b, Figure 2.5d). These results suggest that soil drainage legacy 
effects are important regulators of soil GHG emissions. Here, we discuss potential mechanisms 
driving these effects, and what implications they have for understanding how soil GHG 
emissions will respond to amplification of the hydrological cycle.  
The increased residence time of N2O under low redox conditions in the PD soils suggests 
that increased complete denitrification to N2 could be responsible for the inhibition of net N2O 
fluxes in PD soils under ponded conditions (Chapuis-Lardy et al. 2007). However, measurements 
of gross N2O production and consumption in the field demonstrated that net N2O fluxes were due 
to changes to gross N2O production rather than N2O consumption (Figure 2.3cd). The 
suppression of N2O production under flooded soil conditions could directly result from the 
inhibition of the aerobic processes of nitrifier nitrification or nitrifier denitrification which can 
release N2O as a byproduct or intermediate product of nitrification, respectively (van Groenigen 
et al. 2015). Inhibition of nitrifiers under anaerobic conditions can also indirectly decrease net 
N2O efflux by limiting the nitrification-derived NO3- supply for N2O production via 
denitrification. The latter is likely a more important mechanism because a laboratory 15N tracer 
experiment showed that denitrifiers dominated over nitrifiers as the N2O source in both soil 
drainage classes (Figure 2.5ab). The use of loose (albeit unsieved) soil for this experiment may 
have caused some soil aggregates to disperse, thus releasing labile soil C to fuel denitrification 
(Schimel et al. 1989), and the even distribution of soil organic matter by soil homogenization for 
the experiment may have inhibited nitrification by favoring heterotrophs that compete better for 
NH4+ under C-rich conditions (Booth et al. 2006). However, artifacts of soil structure treatment 
on soil N cycling rates are not always detectable or consistent across studies (Yang et al. 2017). 
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Early in the growing season when soil NO3- concentrations are still high from fertilizer 
application and low plant nitrogen demand, depressed areas can serve as N2O hot spots when 
ponding creates conditions conducive for denitrification in the presence of ample NO3- supply 
(Molodovskaya et al. 2012; Saha et al. 2017). In contrast, our study took place later in the 
growing season when soil NO3- concentrations were low, thereby limiting denitrification rates in 
ponded depressed areas to create N2O cold spots (Turner et al. 2016).  
The drainage class differences in in situ gross N2O production rates following intense 
rain events cannot be explained solely by contemporary ponding status, as net N2O efflux 
differed between soils from the two drainage classes when exposed to the same flooding 
treatments (Figure 2.4a). Well-drained soils supported higher rates of denitrifier-derived N2O 
production compared to PD soils under flooded conditions (Figure 2.5a), possibly by retaining 
microsites of high O2 concentrations within soil macroaggregates (Askaer et al. 2010) that could 
support coupled nitrification-denitrification under flooded conditions. Although minor soil 
compaction while collecting soil cores can alter soil pore structure, this pattern observed in the 
laboratory experiment is consistent with the patterns in N2O dynamics that we observed in the 
field. Over time, soil drainage can alter the size class of soil aggregates, which affects the 
distribution of O2 throughout the soil profile. Specifically, prolonged anaerobic conditions, as 
were observed in the PD class, can break down soil macroaggregates (De-Campos et al. 2009). 
Additionally, plants are more productive in WD compared to PD soils (Grable and Siemer 1968; 
Kanwar et al. 1988), and plant roots and fungal hyphae promote the formation of soil pores and 
aggregates (Horn and Smucker 2005; Six et al. 2004). Combined, these factors can create more 
macroaggregates within WD soils that can harbor aerobic microsites under flooded conditions 
(Gupta and Wang 2006, Askaer et al. 2010) that allow nitrification to occur (Banerjee et al. 
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2016), thus providing NO3- to fuel N2O production via denitrification. As future increases in the 
magnitude and frequency of intense precipitation events extends ponding into currently WD 
soils, these newly ponded areas could, therefore, serve as N2O hot spots throughout the growing 
season. 
 Poorly-drained soils maintained higher net N2O fluxes than the WD soils during 
interludes between large rain events (Figure 2.2a,b), causing a reversal in the locations of N2O 
hot spots and cold spots observed during ponding events. As ponded soils drain, the release of 
stored N2O can lead to pulses of N2O emissions from soil that do not represent concurrent 
biological production of N2O (Jarecke et al. 2016). However, the PD soils maintained higher net 
N2O efflux even during relatively dry periods, such as June 20, 2014, when no rain had fallen in 
10 days (Figure 2.2ab). This suggests that a biotic mechanism may explain higher N2O efflux 
during these periods. Soil O2 concentrations at 10 cm depth experienced a higher magnitude 
decrease in PD soils compared to WD soils following large rain events, and remained lower 
compared to WD soils for approximately 1 – 2 weeks (Figure 2.1ab). For example, after the 90 
mm rain event on June 25-26 2015, 10 cm depth O2 concentrations fell to 0.3% in the PD soils 
after 4 days, and didn’t rise above 10% for another 3 days. Similar patterns were observed 
throughout the growing season. Thus, the PD soils potentially retained more anaerobic microsites 
conducive for denitrification that were intermixed with re-oxygenated pore spaces where 
nitrification could provide a NO3- supply. In contrast, the more porous WD soils were likely 
more quickly and uniformly oxygenated to limit N2O production via denitrification. This reversal 
in N2O hot spots and cold spots mediated by soil structure differences between drainage classes 
creates a mechanistic framework to predict when and where hot spots of soil N2O emissions 
occur, allowing us to advance beyond the perspective of hot spots as occurring in fixed locations 
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and hot moments as events that occur across the spatial domain (Bernhardt et al. 2017; McClain 
et al. 2003). 
 The contribution of autotrophic soil respiration to measured CO2 fluxes likely obscured 
patterns in in situ heterotrophic soil respiration. Field sampling in this study occurred only during 
the peak growing season when roots were well-established. On most sampling dates, soil CO2 
fluxes were greater in the WD class than the PD class (Figure 2.2c), but this likely reflected 
patterns in autotrophic soil respiration associated with higher plant productivity in the WD class 
(Grable and Siemer 1968; Kanwar et al. 1988). In the plant-free soil incubations in the 
laboratory, CO2 fluxes were consistently higher in the PD soils than in the WD soils under these 
experimental treatments (Figure 2.4b). Laboratory incubations are not representative of field 
conditions and reflect activity only in the soil depth increment sampled (i.e., 0-10 cm depth in 
this study) while not accounting for physical controls on soil-atmosphere gas fluxes. 
Nonetheless, this laboratory approach was necessary to disentangle the effects of contemporary 
ponding from that of historical drainage class in surface soils where C availability and, therefore, 
microbial activity contributing to GHG fluxes tends to be highest (e.g. Blume et al. 2002; Yang 
and Silver 2016). Our results suggest that historical soil drainage may affect the response of 
heterotrophic soil respiration to ponding in the field. 
Heterotrophic respiration rates in both the PD and WD classes were inhibited initially by 
flooding but increased as flooding continued. This phenomenon was recently reported in 
association with Fe reduction releasing labile C from organo-mineral complexes in mineral soils 
collected from across a topographic gradient (Huang and Hall 2017). The recovery of 
heterotrophic respiration rates was more rapid in our study, with CO2 emissions increasing within 
4 days of flooding (Figure 2.4b, Figure 2.5d), compared to weeks in the other study. This 
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suggests that flooding could stimulate heterotrophic respiration in Fe-rich mineral soils on time 
scales relevant to the short duration of ponding that occurs in the field. Furthermore, differences 
in potential Fe reduction rates between drainage classes may underlay the higher heterotrophic 
respiration rates observed in the PD class under both flooded and drained treatments. Redox 
fluctuations can decrease the crystallinity of Fe(III) oxides (Thompson et al. 2011) such that 
ponding and drainage cycles in depressions can form more reactive Fe(III) pools that can be 
more rapidly reduced by microbes. Faster redox fluctuations can also lead to the formation of 
larger reactive Fe(III) pools that support higher Fe reduction rates (Ginn et al. 2017). While we 
did not measure rates of Fe reduction, the PD drainage class consistently had a larger pool of 
reduced Fe(II) compared to the WD class in the field (Figure 2.2f). Higher heterotrophic 
respiration rates in the PD soils under flooding and subsequent drainage could, therefore, reflect 
the release of labile C from organo-mineral complexes caused directly by Fe reduction (Huang 
and Hall 2017; Pan et al. 2016) or indirectly by pH changes driven by Fe reduction (Grybos et al. 
2009). Our findings contribute to growing evidence that the commonly accepted moisture-
respiration relationship, which suggests that C mineralization is inhibited under anaerobic 
conditions (Linn and Doran 1982), does not hold in periodically flooded mineral soils.   
Despite higher heterotrophic respiration rates in the PD class than the WD class, total 
organic carbon (TOC) was higher in the PD surface soils (Table 2.1). This would suggest that PD 
soils have higher organic C inputs compared to WD soils. However, lower crop productivity in 
the PD class compared to the WD class should lead to lower TOC inputs from root exudates or 
from crop residues (Grable and Siemer 1968; Kanwar et al. 1988). Therefore, transport of 
dissolved or particulate C into poorly-drained depressed areas, through hydrological flow or 
erosion (Nitzsche et al. 2017), must be an important source of TOC. Even if this redistribution of 
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C from the WD class to the PD class contributed to the larger TOC pools in the PD class in 
comparison to the WD class, higher heterotrophic respiration rates in the PD class are unlikely to 
deplete the labile TOC pool over long time scales but rather these higher rates can be sustained 
by these C inputs. 
 Here, we documented how historical soil drainage mediates the response of GHG fluxes 
from mesic agricultural soils to contemporary conditions. Soils that have not historically ponded 
exhibited higher N2O emissions and lower CO2 emissions when inundated than soils with a long 
history of episodic ponding. This suggests that we cannot simply extrapolate our understanding 
of GHG dynamics in poorly-drained areas to areas that will experience increased ponding with 
climate change driven rainfall intensification. We proposed possible mechanisms related to 
drainage class differences in soil properties that could underlay this soil drainage legacy effect. 
Microbial community composition also differs by soil drainage history (Suriyavirun et al. 2019) 
but the functional importance of this relative to the role of soil properties differences in driving 
the legacy effect on GHG fluxes is yet to be determined. Determining these mechanisms could 
not only elucidate the time scales over which this soil drainage legacy effect develops but would 
also aid in incorporating historical soil drainage into field and regional scale models to better 
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2.7 TABLES AND FIGURES 
  
Table 2.1. Soil chemical and physical properties by drainage class (mean ± standard error). 
A student’s t-test was performed to compare each soil chemical and physical property 
between the two drainage classes. Sample size (N), t-value (t), and p-value (p) from the 
student’s t-test are reported.  
 
 N t p Poorly-drained Well-drained 
Total organic C (%) 12 3.7 < 0.01 2.37 ± 0.05 2.16 ± 0.02 
Total N (%) 12 2.1    0.05 0.182 ± 0.003 0.176 ± 0.001 
pH 3 5.4 < 0.01 5.85 ± 0.06 5.35 ± 0.07 
Bulk density (g cm-3) 3 1.4    0.30 1.05 ± 0.06 0.97 ± 0.02 
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Table 2.2. N2O yield from the 2015 field measurements (n = 
6). Letters indicate significant differences measured by Tukey 
corrected multiple comparisons (P < 0.05). Asterisks indicate 
dates within 48 hours of rainfall.  
 
 N2O yield (mean ± SE) 
Date Poorly-drained  Well-drained 
June 27* 0.15 ± 0.15a 0.55 ± 0.08ab 
July 9* 0.16 ± 0.16ab 0.44 ± 0.20ab 
July 11 0.60 ± 0.14ab 0.47 ± 0.17ab 




Figure 2.1. Daily precipitation (a); bulk soil O2 concentration at 10 cm depth (b) and 30 cm depth 
(c); volumetric soil moisture at 10 cm depth (d) and 30 cm depth (e) by drainage class. Data were 
collected from May through August 2015. Missing soil moisture data for the well-drained class 







Figure 2.2. Daily precipitation (a), net N2O flux (b), CO2 flux (c), and soil concentrations of 
NH4+ (d), NO3- (e) and Fe(II) (f) measured on 11 days during summer 2014. Error bars represent 
one standard error (n = 6). Shaded areas represent sampling days where over 30 mm of rain had 




Figure 2.3. Daily precipitation (a), net N2O flux (b), gross N2O production rate (c), gross N2O 
consumption rate (d), NO3- concentration (e), NH4+ concentration (f), and CO2 flux (g) measured 





Figure 2.4. Net N2O (a) and CO2 (b) flux from the N2O source experiment in 2015. Error bars 
represent one standard error (n = 6).  The shaded area represents when all the cores were under 
flooded conditions. On day 1, soils were at field moisture. Asterisks indicate statistically 
significant differences between PD and WD soils on each day. For day 1, this was determined 
using a paired t-test. For days 2-4, this was determined using Tukey HSD corrected multiple 
pairwise comparisons (p ≤ 0.05). No significant net N2O fluxes were detected on day 1 from 


























Figure 2.5. Denitrification-derived net N2O flux (a) nitrification-derived net N2O flux (b), total 
net N2O flux (c), and CO2 flux (d) measured on day 5 of the 2015 N2O source lab  
experiment. Letters represent significant differences between each mean determined using Tukey 
HSD corrected multiple pairwise comparisons (p < 0.05). The line in each box represents the 
mean (n = 6 for a-c, n = 12 for d), the upper and lower portions of each box correspond to the 
25th and 75th percentiles, the whiskers extend to the upper and lower inter-quartile range, and 















CHAPTER 3: IRON REDOX REACTIONS CAN DRIVE MICROTOPOGRAPHIC 




Topographic depressions in upland soils experience anaerobic conditions conducive for iron (Fe) 
reduction following heavy rainfall. These depressional areas can also accumulate reactive Fe 
compounds, carbon (C), and nitrate, making them potential hot spots of Fe mediated carbon 
dioxide (CO2) and nitrous oxide (N2O) production. While there are multiple mechanisms by 
which Fe redox reactions can lead to CO2 and N2O production, it is unclear what their 
cumulative effect is on CO2 and N2O emissions in depressional soils under dynamic redox. We 
hypothesized that Fe reduction and oxidation facilitate greater CO2 and N2O emissions in 
depressional compared to upslope soils in response to flooding and drainage. To test this, we 
amended upslope and depressional soils with Fe(II), Fe(III), or labile C and measured CO2 and 
N2O emissions in response to flooding. We found that depressional soils have greater Fe 
reduction potential, which can contribute to soil CO2 emissions during flooded conditions when 
C is not limiting. Additionally, Fe(II) addition stimulated N2O production, suggesting that 
chemodenitrification may be an important pathway of N2O production in depressions that 
accumulate Fe(II). As rainfall intensification results in more frequent flooding and drainage of 
depressional upland soils, Fe mediated CO2 and N2O production may become increasingly 






Rainfall intensification as a result of global climate change is resulting in increased 
ponding of ecosystems that exhibit topography (Gleason 2008; USGCRP 2009; Min et al. 2011). 
Even ponding of shallow topographic depressions in upland soils can deplete soil O2 
concentrations by inhibiting the diffusive resupply of O2 consumed by microbial respiration 
(Takai and Kamura 1966; Estop-Aragonés et al. 2013). These anaerobic periods allow for the 
occurrence of anaerobic biogeochemical reactions, such as iron (Fe) reduction and oxidation, that 
are typically overlooked in non-flooded environments. Iron redox reactions can be coupled to C 
and N transformations in upland soils via multiple mechanisms (Weber et al. 2006; Zhu-Barker 
et al. 2015), contributing to emissions of carbon dioxide (CO2) and nitrous oxide (N2O), two 
potent greenhouse gases. These reactions could become more prevalent as rainfall intensification 
increases ponding extent and duration in upland soils. However, it is unknown if Fe redox 
cycling could be more important in depressional areas that are more prone to ponding. While Fe 
redox reactions are known to occur in upland soils, it is unclear how they contribute to CO2 and 
N2O emissions in upslope and depressional soils in response to ponding following heavy rainfall.   
The reduction and oxidation of Fe minerals has the potential to drive C mineralization to 
a greater degree in depressional compared to upslope soils via multiple mechanisms. 
Dissimilatory Fe reduction is an anaerobic respiration pathway in which microbes couple Fe 
reduction with C oxidation (Lovley and Phillips 1986; Weber et al. 2006; Burgin et al. 2011), 
potentially contributing up to 40% of soil C mineralization in upland soils (Dubinsky et al. 
2010). Iron reduction potential could be greater in depressional soils compared to upslope soils 
due to legacy effects from more frequent ponding in depressions. For example, Fe-reducing 
bacterial taxa such as Geobacter and Anaeromyxobacter can be more abundant in depressions 
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compared to nearby upslope soils (Suriyavirun et al. 2019), suggesting higher genetic potential 
for Fe reduction in depressional soils. Fluctuations in soil O2 concentrations can also facilitate 
the buildup of poorly-crystalline Fe compounds that are more susceptible to microbial reduction 
(Thompson et al. 2011; Ginn et al. 2017; Barcellos et al. 2018), leading to higher concentrations 
of poorly crystalline Fe(III) minerals in depressional soils that more frequently experience 
fluctuations in soil O2 (Suriyavirun et al. 2019; Krichels et al. 2019). If Fe reduction rates are Fe-
limited, then this could directly stimulate CO2 production via dissimilatory Fe reduction in 
depressional soils compared to upslope soils. If Fe reduction rates are C-limited, then the 
reductive dissolution of C bearing Fe-oxyhydroxide compounds (Buettner et al. 2014; Hall et al. 
2018; Coward et al. 2018) could indirectly stimulate soil CO2 emissions by releasing labile C 
into soil solution (Grybos et al. 2009; Pan et al. 2016; Hall et al. 2018). When upland soils drain 
and return to aerobic conditions, abiotic Fe(II) oxidation can create reactive oxygen species 
(ROS) that breakdown recalcitrant soil organic matter (SOM) via Fenton reactions (Hall and 
Silver 2013). More frequent fluctuations in soil O2 concentrations in depressional soils compared 
to upslope soils can lead to more episodes of Fe(II) oxidation (Krichels et al. 2019), potentially 
fueling more abiotic SOM mineralization than in upslope soils. Some or all of these mechanisms 
could contribute to greater potential for Fe-coupled C mineralization in depressional soils 
compared to upslope soils, but the contribution of Fe redox cycling to microtopographic 
variation in upland soil CO2 and N2O emissions has not previously been explored.  
The reduction and oxidation of Fe minerals may also contribute to N2O production in 
upland soils via multiple mechanisms. Under anaerobic conditions, the microbially mediated 
process of Feammox can couple Fe(III) reduction to ammonium (NH4+) oxidation (Yang et al. 
2012; Huang and Jaffé 2015). The most energetically favorable end product of Feammox is 
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dinitrogen gas (N2) (Yang et al. 2012), but the reaction can also produce NO3- or NO2- that can 
subsequently be reduced to N2O via biotic denitrification or chemodenitrification. 
Chemodenitrification can abiotically produce N2O via oxidation of Fe(II) coupled to reduction of 
NO3- or nitrite (NO2-) (Carlson et al. 2012; Picardal 2012; Zhu-Barker et al. 2015). Some 
microorganisms can also couple Fe(II) oxidation with NO3- or NO2- reduction for growth yield or 
NO2- detoxification, but these reactions occur more slowly compared to chemodenitrification 
(Coby et al. 2011; Carlson et al. 2012, 2013; Klueglein et al. 2014). While the importance of 
chemodenitrification and Feammox in driving soil N cycling from upland soils is increasingly 
recognized (Yang et al. 2012; Ding et al. 2014; Huang and Jaffé 2015; Zhu-Barker et al. 2015), 
these reactions are not often considered as major sources of N2O production from upland soils. 
However, they may be important drivers of soil N2O emissions in upland ecosystems that 
experience soil redox fluctuations, and especially in depressional soils that experience these 
fluctuations more frequently than upslope soils. 
In this study, we tested the hypothesis that oxidation and reduction of reactive Fe 
compounds facilitate greater CO2 and N2O emissions in depressional compared to upslope soils 
in response to flooding and drainage. In a laboratory experiment, we measured CO2 and N2O 
emissions as well as Fe reduction in upslope and depressional soils in response to a simulated 
flooding and drainage cycle with and without amendment of substrates (either Fe(III), Fe(II), or 
labile C) to gain insight into which Fe reduction and oxidation processes contribute to soil trace 
gas emissions. We predicted that if dissimilatory Fe reduction contributes to CO2 emissions, or if 
Feammox indirectly contributes to soil N2O emissions, then added Fe(III) minerals should 
stimulate CO2 and N2O production, respectively. We also predicted that if Fe(II) oxidation 
contributes to SOM decomposition via the creation of ROS, or N2O production via 
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chemodenitrification, then addition of Fe(II) should stimulate CO2 and N2O production, 
respectively. Finally, we predicted that if C availability as an electron donor rather than electron 
acceptor availability limits anaerobic respiration, then C addition should stimulate CO2 emissions 
in flooded soils. By assessing C amendment effects on Fe reduction rates, we can determine the 
potential importance of Fe reduction as an anaerobic respiratory pathway generating CO2. These 
predictions are based on the assumption that the treatment amendments will only stimulate the 
processes of interest if the processes are limited by the added substrates rather than other 
substrates or factors such as microbial community composition. 
 
3.3 METHODS 
3.3.1 STUDY SITE 
This study was conducted on soils collected from three agricultural fields managed in 
conventional maize-soybean rotations across Champaign County, Illinois (40.2139° N, 88.2461° 
W): South Farms, Energy Farm, and Cardinal Road. When the soils were collected during the 
summer of 2018, the Energy Farm and Cardinal Road fields were planted in maize while the 
South Farms field was planted in soybean. Depressional soils were identified within each of 
these fields based on visual observations of ponding following rain events of at least 30 mm in a 
24-hour period. Upslope areas were chosen as relatively elevated areas within 100 m of the 
depressional area in the same field. All depressional soils were classified as silty clay loams from 
the Drummer soil series. Upslope soils from South Farms and Cardinal Road fields were silt 
loams from the Flanagan soil series, and the upslope soils from the Energy Farm field were fine-
silty soils from the Dana series.  
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The mean annual temperature in Champaign County is 10°C, and the mean annual 
precipitation is 1008 mm (Illinois climate network 2017). For the early season experiment, soils 
were collected in May after planting of crops and fertilization of only the maize fields. For the 
late season experiment, soils were collected in July when the crops were at peak growth. The 
mean temperature in May is 16.7°C and the mean monthly precipitation is 105 mm. The mean 
temperature in July is 23.1°C and the mean monthly precipitation is 114 mm (Illinois climate 
network 2017). Soils were collected when no rain had fallen in at least four days to minimize 
effects from antecedent soil moisture. 
 
3.3.2 EXPERIMENTAL DESIGN 
A laboratory experiment was designed to elucidate the role of Fe reduction and oxidation 
on CO2 and N2O emissions from depressional and upslope soils collected from three agricultural 
fields in Champaign County, Illinois. The experiment was conducted twice, once in May and 
once in July, to account for potential changes in soil properties and microbial community 
composition over the course of the growing season. To determine the role of Fe reduction and 
oxidation on soil GHG emissions, CO2 and N2O emissions were measured from soil cores in 
response to flooding and drainage over the course of a nine-day lab incubation, and Fe(II) 
concentrations were measured on the final day of the flooding period in the late season time 
experiment. To gain insight into which specific pathways were responsible for CO2 or N2O 
production from these soils, the soil cores were treated with either Fe(III), Fe(II), or C. If any of 
the Fe redox reactions detailed in the introduction were limited by Fe(III), Fe(II), or C, then these 




3.3.3 SOIL COLLECTION AND INITIAL CHARACTERIZATION 
Approximately one week prior to initiating experimental treatments, seven 0-10 cm deep 
surface soil cores were collected from each topographic position within each of the three sites. 
The cores were collected within 5 m from the center of each plot using a 10 cm diameter auger. 
The cores were stored in gallon Ziploc bags at ambient temperature and immediately transported 
back to lab at the University of Illinois at Urbana-Champaign where cores from each topographic 
position within each site were homogenized and passed through an 8 mm sieve. The 
homogenized soil was analyzed for initial gravimetric soil moisture by drying five 10 g 
subsamples at 105°C for two days and measuring water loss. Initial HCl extractible Fe(II) and 
Fe(III) concentrations were measured by adding 1.0 g of dry soil equivalent to 30 mL of 0.5 N 
HCl and shaking vigorously on an orbital shaker for 24 hours. These samples were then 
centrifuged at 10,000 rcf for 10 minutes, and the supernatant was immediately analyzed for 
Fe(II) and Fe(III) concentrations using a modified ferrozine method (Liptzin and Silver 2009). 
Soil pH was measured in a 1:1 deionized water to dry soil mass mixture. These measurements 
were performed on five replicate subsamples from each of the homogenized soil samples 
originating from the six sampling locations. Three 10 g subsamples of air-dried and ground soil 
from each sampling location for the late season experiment were also analyzed for total organic 
C (TOC) concentrations and δ13C isotopic composition using a Vario Micro Cube elemental 
analyzer (Elementar, Hanau, Germany) coupled to an IsoPrime 100 isotope ratio mass 






3.3.4 EXPERIMENTAL METHODS 
The experiment was conducted on re-packed soil cores that could be flooded and drained 
in the laboratory. For each core, a 150 g subsample of homogenized soil from a given sampling 
location was packed to approximate field bulk density (~ 1.0 g-1 cm-3) in a plastic cylinder that 
was 11 cm tall and 5 cm in diameter. Each plastic cylinder had 0.5 mm mesh window screening 
glued to the bottom of the cylinder with a water tight plastic cap fitted over top of the window 
screening. This allowed the cores to retain water when capped at the bottom and to drain water 
without losing soil when the cap was removed. Five replicate cores were packed with soil from 
each sampling location for each treatment, for a total of 120 cores. Each core was placed into a 1 
L canning jar filled with 150 g of silica sand to allow water to drain away from the bottom of the 
soil cores. The silica sand was heated at 550 oC for four hours in a muffle furnace to burn off any 
C compounds and sterilize the sand.  
Net CO2 and N2O fluxes were measured from each of the jars five times over the course 
of the seven day incubation. A pre-treatment measurement was made on field moist soils within 
one week of collection. All of the cores were then flooded with 80 mL of deionized (DI) water 
the day after the pre-treatment trace gas flux measurement. For the treatment soils receiving 
amendments, Fe(III), Fe(II), or acetate was dissolved in the added DI. Water was added by 
injecting 20 mL of water four times vertically throughout the core using a 10 cm long spinal tap 
needle. Trace gas fluxes from all cores were measured 24 hours after flooding, and again 72 
hours after flooding. The water tight plastic caps were removed from all of the cores the day after 
the 72-hour flooded measurement to allow the soil cores to drain. Trace gas fluxes were then 




The Fe(III), Fe(II), and C treatment solutions for the experiment were prepared based on 
previous data from the study sites. The Fe(III) amendment corresponded to observed differences 
in Fe(III) concentrations between depressional and upslope soils at these sites (Suriyavirun et al. 
2019; Krichels et al. 2019). For the Fe(III) treatment, hydrous ferrous oxide (HFO) synthesized 
from ferric chloride hexahydrate (Lovley and Phillips 1986) was added to increase Fe(III) 
concentrations by 113 ug Fe g-1 dry soil to each soil core for the first experiment and by 165 ug 
Fe g-1 dry soil for the second experiment. Stoichiometric calculations suggest that this was of 
sufficient magnitude to sustain 0.08 - 0.12 ug C-CO2 g-1 hr-1 of CO2 production coupled to 
dissimilatory Fe reduction over the course of the 72 hour flooding period. For the Fe(II) 
treatment, Fe(II) was added to correspond to differences in Fe(II) concentrations previously 
observed between depressional versus upslope soils in these sites under ponded conditions 
(Suriyavirun et al. 2019; Krichels et al. 2019). To do this, approximately 125 ug Fe - FeCl2 g-1 
dry soil was added to each soil core. The Fe(II) solution was made by dissolving FeCl2 into DI 
water under an anoxic headspace. While it is difficult to calculate an expected effect size for the 
Fe(II) treatment since the abiotic breakdown of SOM by ROS does not have a set stoichiometric 
ratio, Fe(II) additions as low as 224 ug-Fe g-1 soil have been shown to stimulate significant CO2 
production via Fe(II) oxidation reactions in tropical soils (Hall and Silver 2013). For the C 
treatment, the C amendment rate was designed to stimulate up to 0.37 ug C-CO2 g-1 hr-1 CO2 
efflux over the course of the nine-day experiment assuming 30% carbon use efficiency. This 
response size is similar to previously observed differences in CO2 efflux between upslope and 
depressional soils under flooded conditions (Krichels et al. 2019). By adding 80 mL of 7.2 mM 
sodium acetate to each soil core in both experiments, the C concentration of each core was 
increased by approximately 0.12 mg C g-1 dry soil.   
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To measure net CO2 and N2O fluxes from the soil cores, each canning jar was sealed with 
a metal lid fitted with a rubber septum and the change in CO2 and N2O concentrations was 
measured over four hours. Immediately after sealing each jar, a 15 mL gas sample was collected 
by inserting a needle fitted to a 20 mL syringe and a two-way stopcock through the rubber 
septum, mixing the jar headspace by slowly pumping the syringe three times, and then removing 
a 15 mL gas sample. The gas sample was stored in a 10 mL pre-evacuated vial sealed with a 
thick rubber septum (Geo-Microbial Technologies, Inc., Ochelata, OK) and an aluminum crimp 
(Wheaton Industries Inc., Millville, NJ). Another gas sample was collected from each jar 4 hours 
after the initial gas sample. All gas samples were analyzed on a Shimadzu GC-2014 gas 
chromatograph fitted with an electron capture device and a thermal conductivity detector for 
N2O and CO2 analysis, respectively (Shimadzu Scientific Instruments, Columbia, MD). Net CO2 
and N2O fluxes were calculated as the change in CO2 and N2O concentrations over the four-hour 
incubation. A minimum detectable flux was calculated based on the standard deviation of three 
standard gas samples (1001 ppm CO2 and 1.08 ppm N2O) run on the GC. The calculated 
detection limit for N2O was 0.0025 ppm hr-1 and for CO2 was 2.41 ppm hr-1. Net fluxes under 
this limit were considered not detectable and estimated as zero. 
To calculate net rates of Fe reduction, the average pre-treatment Fe(II) concentration of 
soils collected from each topographic position within each site were subtracted from the Fe(II) 
concentrations measured from corresponding soil cores on Day 5 of the late season experiment, 
after cores had been flooded for 72 hours. This number was divided by the number of hours that 
each core had been flooded to calculate the net rate of Fe reduction within each core. 
Concentrations of Fe(II) were measured from each soil core on Day 5 of the experiment using 
the modified ferrozine method described above (Liptzin and Silver 2009). A stoichiometric ratio 
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of one mol C oxidized for every four moles of Fe reduced was used to estimate how much CO2 
could be produced from measured Fe reduction rates (Dubinsky et al. 2010).  
 
3.3.5 STATISTICAL ANALYSES 
All statistical analyses were performed using R version 3.5.2 (R Core Team 2018). Two 
way analysis of variance (ANOVA) was used to assess differences in initial soil TOC, δ13C, pH, 
Fe(III), and Fe(II) concentrations using the Anova function in the car package (Fox and 
Weisberg 2011). Separate ANOVAs were run for each soil property with site and topographic 
position as independent variables. Type III sums of squares were used to test for the presence of 
an interaction, and type II sums of squares were used if no interaction was present. This same 
analysis was done to compare net Fe reduction rates in response to all treatments on Day 5 of the 
experiment. A separate ANOVA was run for each site with treatment and topographic position 
included as independent variables. Tukey corrected multiple comparisons were used to assess 
differences in Fe rates between all treatments and topographic positions within each site using 
the lsmeans package (Lenth 2016). Statistical significance was assessed as p < 0.05.  
Mixed effects models were used to determine the effect of topographic position and day 
of experiment on soil CO2 and N2O emissions from unamended control soil cores. The control 
cores were analyzed separately to isolate the effect of topographic position on soil CO2 and N2O 
emissions without amendments. Separate models were run on CO2 and N2O emissions from soils 
collected from each site. In each model, topographic position and day of experiment were 
included as fixed independent variables, while soil core ID was included as a random variable to 
account for repeated measures of each soil core over time. This was done using the lme function 
from the nlme package in R (Pinheiro et al. 2017). Soil N2O emissions were log transformed to 
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meet assumptions of normality; a constant of 5 was added prior to log transformation to avoid 
taking the log of values below 1. The anova.lme function was then used to determine which 
variables explained the most variance in either CO2 or N2O emissions.  
To gain insight into the processes driving the responses to soil flooding and drainage, we 
assessed the difference in CO2 or N2O emissions between treatment cores that received 
amendments and corresponding unamended soil cores that served as controls. This was done by 
subtracting the mean control CO2 or N2O efflux (n = 5) from the mean CO2 or N2O efflux from 
any given treatment. Standard errors were calculated using Gaussian error propagation to assess 
the variability of this treatment effect. Linear mixed effects models were also used to assess 
treatment effects on soil CO2 and N2O efflux over the course of the incubation. Soil cores 
receiving each of the three treatments as well as the control were included in these models to 
assess treatment effects on soil CO2 and N2O emissions compared to control soils. Prior to 
running these models, CO2 and N2O emissions were log transformed to meet assumptions of 
normality. To avoid taking the log of values below 1, a constant of 1 was added to CO2 
emissions values prior to transformation, and a constant of 5 was added to N2O emission values. 
Trace gas emissions were included as the dependent variable in each model, and treatment was 
included as the fixed independent variable. Core ID was nested within day of experiment as a 
random variable in the model to account for repeated measures of the same cores over time, and 
to isolate treatment effects from day of experiment effects. Separate models were run for soils 
collected from each topographic position (upslope versus depressional) within each site (six 
models total). All linear mixed effects models were run using the lme function from the nlme 
package in R (Pinheiro et al. 2017). To assess the significance of the treatment effect, ANOVAs 





3.4.1 BACKGROUND SOIL PROPERTIES 
Soil organic C concentrations, δ13C, pH, Fe(III), and Fe(II) concentrations differed 
significantly between upslope and depressional soils and among sites (Figure 3.1). Soil organic C 
concentrations were 0.37 ± 0.06 % (mean ± SE, n = 3) higher in depressional compared to 
upslope topographic positions (Figure 3.1a; F1,14 = 41, p < 0.001). Overall, SOC concentrations 
were highest at Cardinal Road and lowest at the Energy Farm (F2,14 = 97, p < 0.001). Carbon 
isotopic composition was 1.79 ± 0.32 ‰ more depleted in 13C in depressional soils compared to 
their upslope counterparts across sites (Figure 3.1b; F1,14 = 39, p < 0.001). Energy Farm soils 
were most 13C-depleted, and South Farms soils were the most 13C-enriched (F2,14 = 18, p < 
0.001). Soil pH was 0.48 ± 0.23 higher in upslope positions compared to depressions (F2,26 = 
459, p < 0.001, Figure 3.1c); it was lowest in the Energy Farm soils and highest in Cardinal Road 
soils (F1,26 = 50, p < 0.001). Concentrations of 0.5 N HCl extractable Fe(III) were 324 ± 257 ug 
Fe g-1 higher in depressional soils (Figure 3.1d; F1,26 = 7.0, p  = 0.01), but did not differ 
significantly among sites (F2,26 = 2.7, p = 0.09). Finally, 0.5 N HCl extractable Fe(II) 
concentrations were 36.9 ± 10.7 ug Fe g-1 higher in depressional soils compared to upslope soils 
(Figure 3.1e; F1,26 = 32, p  < 0.001), and were highest in Cardinal Road soils and lowest in South 
Farms soils (F2,26 = 3.8, p  = 0.03).  
 
3.4.2 REDOX FLUCTUATION EFFECTS ON TRACE GAS EMISSIONS  
Trace gas emissions responded to a redox fluctuation caused by flooding and drainage of 
soils similarly in the early- and late growing seasons. Therefore, only late season data are 
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presented throughout the results whereas early season data are reported in Appendix B (Figures 
B1-B4, Tables B1 & B2). Flooding inhibited CO2 emissions from all soils, and drainage 
stimulated CO2 emissions above pre-flooding levels (Figure 3.2). This effect was evident from 
both upslope and depressional soils from all three sites, but the degree to which CO2 emissions 
spiked as soils drained differed between upslope and depressional soils at each site. Specifically, 
day of experiment significantly interacted with topographic position at the South Farms (F4,32 = 
5.3, p = 0.002) and Cardinal Road (F4,32 = 54, p < 0.001) soils (Figure 3.2ac). While Energy 
Farm soils did not exhibit this interaction effect (Figure 3.2b), topographic position and day of 
experiment each significantly affected soil CO2 emissions (F1,8 = 18, p = 0.003; F4,32 = 31, p < 
0.001; respectively). In contrast to the consistent direction of response to flooding for the two 
topographic positions, upslope and depressional soils did not respond the same to soil drainage in 
all sites. Upslope soils from the South Farms had higher CO2 emissions compared to 
depressional soils during drainage, while depressional soils in the Energy Farm and Cardinal 
Road had higher CO2 emissions as soils drained (Figure 3.2). This was most pronounced in soils 
collected from Cardinal Road, where CO2 emissions from depressional soils reached 0.60 ± 0.03 
ug C – CO2 g-1 hr-1 on the last day of the experiment.  
Flooding stimulated N2O emissions from all soil cores (Figure 3.3). There was a 
significant interaction effect between topographic position and day of experiment on N2O 
emissions from all three sites (p ≤ 0.001, Figure 3.3). Soil N2O emissions were higher from 
upslope soils compared to depressional from all three sites on the first day of flooding. Soil N2O 
emissions returned to near undetectable levels for most soils after the first day of flooding on 
Day 3 of the experiment. This was not the case for upslope soils from the Energy Farm, where 
52 
 
N2O emissions climbed to 40.7 ± 2.32 ng N – N2O g-1 hr-1 by Day 9 of the experiment (Figure 
3.3b).  
 
3.4.3 AMENDMENT EFFECTS ON TRACE GAS EMISSIONS AND FE REDUCTION 
Of all amendment treatments, C had the strongest and most consistent effect on soil CO2 
emissions in response to flooding and drainage in the late growing season (Figure 3.5). Carbon 
amendment stimulated soil CO2 emissions from all sites and topographic positions during both 
flooding and drainage (Table 3.2, Figure 3.5, p ≤ 0.01). During flooded conditions on days 2 
through 5 of the experiment, the treatment effect size relative to unamended controls soils was as 
large as 0.39 ug C – CO2 g-1 hr-1, comparable to the expected response based on the amount of 
acetate added and assumed 30% carbon use efficiency (Figure 3.5). Amendment of Fe(II) 
stimulated CO2 emissions as both upslope and depressional soils from Cardinal Road drained, 
but it had no effect on CO2 emissions from the South Farms and Energy Farm soils (Figure 3.5). 
Soil CO2 emissions did not exhibit a detectable response to the Fe(III) treatment throughout the 
experiment (Figure 3.5).  
Soil N2O emissions from depressional and upslope soils from all three sites also 
responded to both C and Fe(II) additions in the late growing season (Figure 3.6). Responses were 
significant from both depressional and upslope soils collected from the South Farms and the 
Energy Farm (Table 3.3; p < 0.05) but were significant only from the upslope soils collected 
from Cardinal Road (Table 3.3; p < 0.05). Carbon addition led to the largest treatment effects. In 
general, C addition stimulated N2O emissions on the first day of flooding, although this response 
was delayed in the upslope Energy Farm soils (Figure 3.6b) and was not observed for the 
Cardinal Road soils (Figure 3.6cf). The addition of Fe(II) also consistently stimulated N2O 
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emissions during flooding of both depressional and upslope soils from most sites, with an 
average increase of 4.41 ± 0.82 ng N-N2O g-1 hr-1 above emissions from unamended control soils 
on the second day of the experiment (Figure 3.3); this response was not significant only from 
depressional soils collected from Cardinal Road (Table 3.2). Similar treatment effects on soil 
N2O emissions were observed on soils collected during the early growing season (Appendix B). 
Carbon addition resulted in higher net Fe reduction rates compared to unamended control 
soils during the 72-hour flooding treatment in depressional soils but not upslope soils. Across all 
sites, treatment and topographic position significantly interacted to affect net Fe reduction rates 
(p < 0.01, Table 3.1). In C-amended depressional soils, average Fe reduction rates from all three 
sites ranged between 3.51 and 5.07 ug Fe g-1 hr-1 compared to between -0.14 and 0.55 ug Fe g-1 
hr-1 in upslope soils (Figure 3.4). Based on stoichiometric calculations these rates of Fe reduction 
could result in the production of CO2 at a rate ranging between 0.13 and 0.27 ug C – CO2 g-1 hr-1 
over the course of the 72 hour flooded period. Tukey corrected multiple comparisons showed 
that Fe reduction rates were significantly higher from C-amended depressional soils compared to 
all other treatments in depressional or upslope soils across all sites (p < 0.01, Figure 3.4).  
 
3.5 DISCUSSION 
We demonstrated that the potential for Fe reduction and oxidation to drive CO2 and N2O 
emissions is greater in depressional versus upslope soils, in support of our hypothesis. Flooding 
initially suppressed CO2 emissions from all soils but triggered a pulse in CO2 production as soils 
drained. While there were no consistent differences in CO2 emissions between upslope and 
depressional soils (Figure 3.2), C addition stimulated CO2 emissions under flooded conditions 
(Figure 3.5), suggesting that anaerobic respiration in upland soils may be limited by C 
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availability and not access to TEAs. Depressional soils had higher rates of Fe reduction 
compared to upslope soils following the C amendment treatment (Figure 3.4). Thus, downslope 
transport of DOC from upslope to depressional areas following heavy rainfall may fuel hot spots 
of anaerobic CO2 production from dissimilatory Fe reduction. Additionally, high Fe(II) 
production rates in depressional soils can stimulate N2O and CO2 emissions via 
chemodenitrification and abiotic ROS production, respectively. While abiotic Fe(II) oxidation 
can contribute to the pulse in CO2 emissions observed as soils drain, other mechanisms such as 
the physical release of C from aggregates (Denef et al. 2001; Six et al. 2004; De-Campos et al. 
2009) or microbial necromass could also be important (Blazewicz et al. 2014). Together, these 
results suggest that Fe reduction and oxidation can contribute to CO2 and N2O production in 
upland soils, especially from depressional soils that have higher Fe reduction potential and 
experience accumulation of DOC and NO3- as a result of hydrologic flow.  
Conventional understanding of moisture-soil respiration relationships suggest that O2 
limitation following inundation should suppress soil CO2 emissions (Linn and Doran 1984; 
Davidson et al. 2012), yet anaerobic respiration using alternative TEAS such as Fe contributes to 
soil CO2 emissions under flooded conditions. Although flooding did inhibit CO2 efflux, C 
addition stimulated CO2 emissions from flooded soils (Figure 3.5), suggesting that anaerobic 
microbial respiration is more limited by C availability than access to alternative TEAs such as 
Fe(III) (Estop-Aragonés et al. 2013). Because of this, greater poorly crystalline Fe(III) 
concentrations in depressional soils and Fe(III) addition to both depressional and upslope soils 
did not result in higher rates of CO2 production. While Fe reduction can drive soil CO2 emissions 
in response to short anaerobic periods in C-rich tropical soils (Dubinsky et al. 2010), it is likely 
that greater C availability is necessary to stimulate CO2 production via dissimilatory Fe reduction 
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in tilled agricultural fields with lower SOC concentrations, and longer anaerobic periods may be 
necessary for the reductive dissolution of C-bearing Fe-oxyhydroxide compounds (Huang and 
Hall 2017). However, when C was added to the soil cores, depressional soils had higher Fe 
reduction rates compared to upslope soils (Figure 3.4). Based on stoichiometric calculations, 
observed rates of Fe reduction could have CO2 at a rate ranging from 0.13 and 0.27 ug C-CO2 g-1 
hr-1 over the 72 hour flooding period, which represents the oxidization of between 8% and 17% 
of the total C added to each core. As such, dissimilatory Fe reduction could drive higher soil CO2 
emissions from depressional areas that accumulate DOC from hydrologic flow following rainfall 
compared to upslope areas 
We observed evidence that release of DOC into soil solution following soil drainage can 
trigger pulses in CO2 emissions. Soil CO2 emissions increased as soils drained (Figure 3.2), 
suggesting either that the act of drainage triggered the release of labile C, or that C compounds 
accumulated during flooded periods and were aerobically respired as O2 diffused into the soil. 
This pulse in CO2 emissions was greatest from depressional soils collected from Cardinal Road 
(Figure 3.2c). Control depressional soils from Cardinal road had higher net Fe reduction rates 
compared to control upslope soils during the flooding period (Figure 3.4c), suggesting that Fe 
reduction could have contributed to the release of more DOC via the dissolution of solid Fe-
oxyhydroxide compounds, as has been demonstrated in soils that experience prolonged anaerobic 
periods (Buettner et al. 2014; Huang and Hall 2017). Depressional soils from the South Farms 
and the Energy Farm did not have higher Fe reduction rates compared to their upslope 
counterparts during the flooding treatment, and CO2 emissions from these soils did not 
consistently differ between depressional and upslope areas (Figure 3.4ab). At these sites, other 
mechanisms such as physical breakdown of soil aggregates (Denef et al. 2001; Six et al. 2004; 
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De-Campos et al. 2009) or release of labile C from microbial necromass (Blazewicz et al. 2014) 
could have increased C availability to fuel C mineralization in drained soils. We also observed 
evidence that abiotic Fe(II) oxidation may have been coupled to SOM degradation following soil 
drainage, as the addition of Fe(II) stimulated CO2 emissions from the drained Cardinal Road 
soils. These soils had the highest pH (Figure 3.1c) and it is possible that a decrease in soil pH 
following Fe(II) oxidation freed C from physical protection (Grybos et al. 2009). Iron reduction 
and oxidation can contribute to CO2 production as soils drain, but the relative importance of 
these mechanisms varies by site.  
High Fe(III) reduction potential in depressional soils may support anaerobic C 
mineralization when labile C is abundant. Carbon addition but not Fe(III) addition stimulated Fe 
reduction in depressional soils (Figure 3.4). This treatment effect occurred only in depressional 
soils, indicating the depressional soils have higher Fe reduction potential than upslope soils. 
Greater abundance of genera capable of Fe reduction, such as Geobacter and Anaeromyxobacter, 
found in depressions within fields exhibiting microtopography (Suriyavirun et al. 2019) could 
lead to higher genetic potential for Fe reduction to occur under favorable conditions. This is 
consistent with studies showing increased abundance of Fe reducing microbes and higher rates of 
Fe reduction in tropical soils that experience repeated fluctuations in soil redox potential 
(Dubinsky et al. 2010; Ginn et al. 2017; Barcellos et al. 2018). While CO2 emissions were not 
consistently higher from unamended depressional soils that were flooded (Figure 3.2), the 
stimulation of both CO2 and Fe(II) production with C addition indicates that anaerobic 
respiration using Fe as a TEA was limited by soil C availability. Under field conditions, 
sustained C inputs from plants or from downslope transport of DOC to depressional areas 
following large rainfall could stimulate dissimilatory Fe reduction (Nitzsche et al. 2017). During 
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prolonged ponding in the field, high genetic potential for Fe reduction in depressional soils may 
facilitate continued CO2 production via dissimilatory Fe reduction after other more favorable 
TEAs, such as NO3-, are locally depleted. As such, greater Fe reduction potential in depressional 
soils may enable these areas to act as hotspots of Fe mediated CO2 production under extended 
anaerobic periods.  
An abundant supply of Fe(II) from high Fe reduction rates could support N2O production 
via chemodenitrification in depressional soils under flooded conditions. During the first day of 
flooding, Fe(II) additions stimulated N2O emissions by an average of 4.41 ng N-N2O g-1 from all 
soils (Figure 3.6). The abiotic oxidation of just 0.9 ug Fe(II) g-1 (less than 1 % of the Fe(II) 
amendment amount) could sustain this level of N2O production over 24 hours. It is possible that 
much more N2O was produced via chemodenitrification, but that it was subsequently reduced to 
N2 (Chapuis-Lardy et al. 2007), causing an underestimation of chemodenitrification rates. It is 
also possible that rapid chemodenitrification occurred immediately after flooding the soil cores, 
and that we only measured the tail end of this reaction to underestimate the contribution of 
chemodenitrification to N2O production. While both biotic and abiotic reactions have been 
shown to produce N2O when Fe(II) oxidation is coupled to NO3- or NO2- reduction (Coby and 
Picardal 2005; Carlson et al. 2012, 2013; Picardal 2012; Klueglein et al. 2014), it is likely that 
abiotic NO2- reduction was the dominant process since it is significantly faster than biotic Fe(II) 
oxidation (Picardal 2012; Zhu-Barker et al. 2015). However, it is possible that biotic pathways 
also contribute, either by directly oxidizing Fe(II) for growth or nitrite detoxification, or by 
denitrifying other inorganic N compounds produced by abiotic Fe(II) oxidation (Picardal 2012; 
Klueglein et al. 2014). Addition of Fe(III) compounds did not have any consistent effects on soil 
N2O emissions, suggesting that Feammox coupled to denitrification did not contribute to N2O 
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production in these soils. These results highlight the potential for Fe(II) oxidation to drive high 
rates of N2O production, warranting further exploration of this process in upland soils. This may 
be especially important in depressional soils that experience accumulation of Fe(II) as a result of 
high rates of Fe reduction and from transport of dissolved Fe(II) in hydrologic flow from upslope 
areas of the field following large rain events.  
In conclusion, we demonstrate that the reduction and oxidation of Fe compounds can 
potentially drive microtopographic variation in CO2 and N2O emissions in upland soils, with 
these Fe-coupled reactions more important in depressional areas. In the laboratory experiment, 
CO2 efflux did not consistently differ between unamended depressional and upslope soils. 
However, depressional soils had higher Fe reduction potential with C amendment, suggesting 
that greater C mineralization via dissimilatory Fe reduction could occur with downslope 
transport of C to depressional areas under field conditions. Additionally, higher Fe reduction 
rates in depressional soils may supply sufficient Fe(II) to stimulate N2O production via 
chemodenitrification. Iron redox reactions are not often accounted for in upland soils but have 
the potential to significantly contribute to both CO2 and N2O emissions as soil redox potential 
fluctuates in response to large rain events. As climate change induced rainfall intensification 
results in greater extent and duration of flooding of depressional upland soils (Min et al. 2011), 
Fe mediated C and N transformations may become increasingly important pathways of soil 
greenhouse gas emissions that can feed back on climate change.  
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3.7 TABLES AND FIGURES 
Table 3.1. Results from ANOVAs explaining variation in soil Fe reduction rates the late season 
lab experiment. 
 
Site Degrees of freedom  F value P value 
South Farms 3,32 17.4 < 0.001 
Energy Farm 3,32 172 < 0.001 
Cardinal Road 3,32 6.06    0.002 
 
Fe reduction rates is the dependent variable for each model and the interaction between treatment 





















Table 3.2. Results from ANOVAs run on mixed effects models examining the treatment effect 
on soil CO2 emissions during the late season lab experiment. 
 
Site Drainage class Degrees of freedom F value P value 
South Farms upslope 3,72 7.6 <0.001  
depressional 3,73 4.4   0.007 
Energy Farm upslope 3,73 54 <0.001  
depressional 3,71 43 <0.001 
Cardinal Road upslope 3,70 16 <0.001  
depressional 3,72 12 <0.001 
 
Log transformed CO2 emissions were included as the dependent variable, treatment was the 
independent variable, and date was included as a random variable. Significant p-values (p < 



















Table 3.3. Results from ANOVAs run on mixed effects models examining the treatment effect 
on soil N2O emissions during the late season lab experiment. 
 
Site Drainage class Degrees of freedom  F value P value 
South Farms upslope 3,72 9.4 <0.001  
depressional 3,73 3.4 <0.001 
Energy Farm upslope 3,73 4.3   0.007  
depressional 3,71 6.9 <0.001 
Cardinal Road upslope 3,70 4.5   0.006  
depressional 3,72 2.3   0.09 
 
Log transformed N2O emissions were included as the dependent variable, treatment was the 
independent variable, and date was included as a random variable. Significant p-values (p < 



















Figure 3.1. Soil organic carbon concentration (a), δ13C of soil organic carbon (b), soil pH (c), and 
Fe(III) concentrations (d) from upslope and depressional soils at three sites in Champaign 
County (n = 3 for C and 13C, n = 5 for pH and Fe(II)). Colors represent the topographic position 
where soils were collected from within each site. The line in each box represents the mean, the 
upper and lower portions of each box correspond to the 25th and 75th percentiles, the whiskers 















Figure 3.2. Soil CO2 emissions (mean ± SE, n = 5) from unamended control soils from the South 
Farms (a), the Energy Farm (b), and Cardinal Road (c) over the course of the late season 
experiment. Solid lines represent emissions from depressional soils, and dotted lines represent 
emissions from upslope soils. Shaded areas represent when the soil cores were flooded. Results 
from ANOVAs run on linear mixed effects models are presented within each panel. Interaction 
effects are presented when significant interactions were detected. Otherwise, significant main 


















Figure 3.3. Soil N2O emissions (mean ± SE, n = 5) from unamended control soils from the South 
Farms (a), the Energy Farm (b), and Cardinal Road (c) over the course of the late season 
experiment. Solid lines represent emissions from depressional soils, and dotted lines represent 
emissions from upslope soils. Shaded areas represent when the soil cores were flooded. Results 
from ANOVAs run on linear mixed effects models are presented within each panel. Interaction 
effects are presented when significant interactions were detected. Otherwise, significant main 


















Figure 3.4. Iron reduction rates in depressional and upslope areas at the South Farms (a), the 
Energy Farm (b), and Cardinal Road (c) during the late season experiment (mean ± SE, n = 5). 
Rates were calculated from the difference in Fe(II) concentrations in pre-treatment soils (Day 0 
of the experiment) and soils that had been flooded for 3 days (Day 5 of the experiment). Colors 



















Figure 3.5. Effect size of treatments on soil CO2 emissions from upslope (a,b,c) and depressional 
(d,e,f) soils from the South Farms (a,d), the Energy Farm (b,e), and Cardinal Road (c,f) during 
the late season experiment. The treatment effect was calculated as the difference between net 
CO2 emissions from soil receiving a given treatment amendment compared to unamended 
control soils. Error bars represent propagated standard error (n = 5) of the difference between the 
control and treatment means. Colors represent each treatment. Gray shading indicates when soils 






















Figure 3.6. Effect size of treatments on soil N2O emissions from upslope (a,b,c) and depressional 
(d,e,f) soils from the South Farm (a,d), the Energy Farm (b,e), and Cardinal Road (c,f) during the 
late season experiment. The treatment effect was calculated as the difference between net N2O 
emissions from soil receiving a given treatment amendment compared to unamended control 
soils. Error bars represent propagated standard error (n = 5) of the difference between the control 
and treatment means. Colors represent each treatment. Gray shading indicates when soils were 























CHAPTER 4: DYNAMIC CONTROLS ON FIELD-SCALE SOIL NITROUS OXIDE 
HOT SPOTS AND HOT MOMENTS ACROSS A MICROTOPOGRAPHIC GRADIENT 
 
4.1 ABSTRACT 
Soil nitrous oxide (N2O) emissions are highly variable in space and time, making it difficult to 
estimate ecosystem level fluxes of this potent greenhouse gas. While topographic depressions are 
often evoked as permanent N2O hot spots and rain events are well-known triggers of N2O hot 
moments, soil N2O emissions are still poorly predicted. Thus, the objective of this study was to 
determine how to best use topography and rain events as variables to predict soil N2O emissions 
at the field scale. We measured soil N2O emissions 11 times over the course of one growing 
season from 65 locations within an agricultural field exhibiting microtopography. We found the 
topographic indices best predicting soil N2O emissions varied by date, with soil properties as 
consistently poor predictors. Large rain events (>30 mm) led to an N2O hot moment only in the 
early summer and not in the cool spring or later in the summer when crops were at peak growth 
and likely had high evapotranspiration rates. In a laboratory experiment, we demonstrated that 
low heterotrophic respiration rates at cold temperatures slowly depleted soil dissolved O2, thus 
suppressing denitrification over the 2-3 day timescale typical of field ponding. Our findings 
show that topographic depressions do not consistently act as N2O hot spots and that rainfall does 
not consistently trigger N2O hot moments. We assert that moving beyond the traditional static 
view of N2O hot spots and hot moments may allow us to better understand controls on 






Soil nitrous oxide (N2O) emissions are highly variable in space and time, making it 
difficult to estimate ecosystem level fluxes of this potent greenhouse gas. High rates of N2O 
emissions occur from discrete areas in space (hot spots) and short periods of time (hot moments) 
that disproportionately contribute to cumulative landscape scale N2O emissions (Bernhardt et al. 
2017; Groffman et al. 2009; McClain et al. 2003). The majority of N2O emitted from soils is 
derived from denitrification (Ciais et al. 2013), an anaerobic process in which nitrate (NO3-) is 
sequentially reduced to N2O, and then to inert nitrogen gas (N2) (Knowles 1982). Rain events 
can saturate soils with water, facilitating a decrease in soil O2 concentrations if standing water 
inhibits diffusive resupply of O2 consumed by microbial respiration (Estop-Aragonés et al. 2013; 
Takai & Kamura, 1966), thus triggering hot moments in N2O production via denitrification 
(Dobbie et al. 2003; Li et al. 1992; Molodovskaya et al. 2012; Sexstone et al. 1985). Similarly, 
water accumulation in topographic depressions can drive down soil O2 concentrations (Krichels 
et al. 2019; Le et al. 2015; Sophocleous 2002), forming hot spots of N2O emissions (Turner et al. 
2016; Velthof et al. 1996; Yanai et al. 2003). While topographic depressions and rain events are 
often invoked conceptually as drivers of hot spots and hot moments of denitrification, it is 
unclear how to best use these variables to predict N2O emissions.       
Topographic depressions can be characterized using a variety of approaches that relate 
differently to how N2O hot spots are formed. Light Detection and Ranging (LIDAR) data can be 
used to create fine scale digital terrain models (DTMs) that predict patterns in soil moisture as a 
result of gravity driven lateral transport of water (Fink & Drohan 2016; Li et al. 2018; Turner et 
al. 2016).  However, absolute elevation may not predict N2O hot spots in local depressions, 
which might accumulate water after relatively small rain events. Topographic fill models derived 
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from DTMs can identify these discrete, localized areas lower in elevation relative to the 
surrounding terrain (Andino & Fraterrigo, unpublished data). Alternatively, soil properties can 
record a history of hydrological flow paths driven by topography (Burke et al. 1989; Schimel et 
al. 1985; Suriyavirun et al. 2019) and also incorporate factors beyond the role of hydrological 
flow in forming N2O hot spots. For example, clay transport downslope into depositional areas 
can lead to the development of clay rich soils with high water retention conducive to sustaining 
hypoxic denitrification hot spots (Fissore et al. 2017). Soil magnetic susceptibility, which results 
from magnetic mineral dissolution in response to prolonged exposure to anaerobic conditions 
(Grimley et al. 2004), could also act as a direct record of historical soil redox regimes that could 
shape microbial communities with different functional potentials (DeAngelis et al. 2010; Pett-
Ridge et al. 2006; Suriyavirun et al. 2019). While there are many approaches to predicting the 
locations of  N2O hot spots, past studies have focused on using indices derived from DTMs, 
which have yielded only modest predictive power (Li et al. 2012; Turner et al. 2016).   
Topography mediated soil drainage can also indirectly alter soil N2O emissions by 
changing soil properties that directly control denitrification dynamics. Carbon (C) can 
accumulate in depressional areas through erosion (Nitzsche et al. 2017), or as a result of slowed 
decomposition under hypoxic conditions (Linn & Doran 1984). Carbon compounds are oxidized 
during the heterotrophic process of denitrification, so higher C concentrations may lead to 
enhanced denitrification rates in depressional areas. Indeed, soil C concentrations are often 
correlated to N2O emissions at the field scale (Li et al. 2012; Milne et al. 2011; Velthof et al. 
1996; Yanai et al. 2003). Repeated saturation of soils can also lead to increases in pH (De-
Campos et al. 2012), creating variation in pH across topographic gradients (Suriyavirun et al. 
2019). Soil pH also exerts a strong effect on denitrification dynamics, with higher N2O emissions 
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observed in slightly acidic soils (Knowles 1982; Milne et al. 2011; Russenes et al. 2016; Yanai et 
al. 2003). However, the effects of pH on N2O dynamics are complicated since elevated pH leads 
to increased denitrification rates, but also increases the proportion of N2O that is reduced to inert 
N2 (Knowles 1982). While other factors can lead to spatial variation in soil organic C and pH, 
topography may be the most important factor driving this variability in homogenously managed 
agricultural fields. Uneven distribution of soil C and pH across topographic gradients may 
accentuate hot spots of denitrification following rain events and could drive spatial patterns in 
N2O emissions in-between rain events when topography does not lead to patterns in soil 
moisture. 
Although topographic depressions are often characterized as N2O hot spots (Ambus & 
Christensen 1994; Saha et al. 2017; Turner et al. 2016; Yanai et al. 2003), they may not always 
act as hot spots in response to large precipitation events. In some cases, depressional areas may 
only act as hot spots in between rather than after rain events, with upslope areas acting as post-
rain hot spots (Krichels et al. 2019). Rather than depleted soil O2 and increased soil C availability 
driving hot spots of denitrification in topographic depressions (Li et al. 2012; Milne et al. 2011; 
Turner et al. 2016; Velthof et al. 1996; Yanai et al. 2003), differences in soil biotic and abiotic 
properties may cause depressional and upslope areas to have distinct controls over denitrification 
rates (Krichels et al. 2019; Suriyavirun et al. 2019). For example, microbial community 
composition can differ between soils that experience different fluctuations in soil O2 
concentrations (DeAngelis et al. 2010). Given that the composition of denitrifying microbial 
communities can affect denitrification rates (Graham et al. 2014, 2016; Philippot & Hallin 2005), 
differing denitrifier communities in depressional versus upslope areas may have distinct 
responses to precipitation events (Suriyavirun et al. 2019; Krichels et al. 2019). Furthermore, 
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upslope soils can have a greater proportion of macroaggregates compared to depressional soils 
(De-Campos et al. 2009; Horn & Smucker 2005; Six et al. 2004), potentially connecting aerobic 
and anaerobic soil microsites following large rain events (Algayer et al. 2014; Askaer et al. 2010; 
Sey et al. 2008) and allowing aerobic nitrification to continuously supply NO3- to fuel nearby 
denitrifiers (Krichels et al. 2019; Palta et al. 2016). Together, these factors can act as soil 
drainage legacy effects that cause the location of N2O hot spots within a field to be dynamic in 
response to recent precipitation.   
Rain events are often thought of as triggers for hot moments of N2O emissions to occur 
across landscapes and in depressional areas (Dobbie & Smith 2003; Molodovskaya et al. 2012; 
Sexstone et al. 1985), but seasonal changes in temperature and crop growth could constrain this 
response. For example, depressional areas may not act as hot spots of denitrification in the cold 
springtime because cold conditions can prevent the depletion of O2 dissolved in soil pore water. 
In order to create hypoxic conditions that stimulate denitrification, microbial respiration must 
consume O2 dissolved in soil pore water (Estop-Aragonés et al. 2013; Takai & Kamura 1966). 
While large rain events can flush O2 out of soil pores in temperate upland soils (Jarecke et al. 
2016), particularly in depressional areas (Krichels et al. 2019), dissolved O2 may persist in 
inundated soils under cold conditions in the spring when soils are still cold because rates of 
microbial respiration are highly sensitive to soil temperature (Davidson et al. 2012). 
Additionally, denitrification enzyme activity can also be directly inhibited by under cold 
temperatures (Goodroad & Keeney 1984; Holtan-Hartwig et al. 2002; Maag & Vinther 1996), 
which may further limit N2O production in response to spring precipitation. Furthermore, 
microbial community composition can change seasonally in response to changes in temperature 
(Andrews et al. 2000; Bradford et al. 2008; Zogg et al. 1997) and crop growth (Buyer et al. 2002; 
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Mbuthia et al. 2015), and denitrifying microorganisms may be more active at different points of 
the growing season. As such, the activation of hot spots of N2O emissions may depend on when 
in the growing season large rain events occur.  
Although topographic depressions and rain events are generally considered major drivers 
of N2O hot spots and hot moments, it is still challenging to predict much of the spatiotemporal 
variation in net soil-atmosphere N2O emissions (Groffman et al. 2009). To better predict N2O hot 
spots and hot moments, we suggest adopting a dynamic view of where hot spots and when hot 
moments of soil N2O emissions occur as opposed to a static view of depressions as hot spots and 
rain events as triggers for hot moments. To move towards this goal, we tested the following 
hypotheses: 1) the topographic index that best predicts spatial variation in N2O emissions 
depends on recent rainfall amount, and 2) large rain events do not activate hot moments of N2O 
fluxes under relatively cold temperatures that slow heterotrophic consumption of oxygen in soil 
pore water. To test the first hypothesis, we measured N2O emissions from 65 locations 
throughout an agricultural field before and after rain events over the course of a growing season, 
with a total of 11 sampling dates. To test the second hypothesis, we measured N2O emissions, 
heterotrophic respiration rates, and soil O2 concentrations in inundated soil cores under warm 
and cold conditions. The temperature treatments were also assessed in factorial combination with 
a nitrate treatment (ambient versus amended) to account for the role of nitrate limitation of 
denitrification in driving the observed soil N2O emissions. This experiment was performed on 
intact soil cores collected from upslope and depressional areas of the field to assess if these areas 
of the field have different controls over soil N2O emissions (i.e., to account for historical 
drainage legacy effects). Furthermore, the experiment was conducted both early and late in the 




4.3.1 STUDY SITE 
The study site was located at the University of Illinois at Urbana Champaign (UIUC) 
Energy Farm in Urbana, Illinois (40°03'58.9" N, 88°11'28.2" W). Specifically, the study took 
place in a 120 m x 100 m field that is managed under annual rotation between corn (Zea mays) 
and soybeans (Glycine max). The site is fertilized with 203 kg N ha-1 urea in the spring when Z. 
mays is planted, and it is not fertilized when G. max is planted. The field was planted with G. 
max during the 2017 growing season when this study took place. We chose to conduct this study 
in a field planted with G. max since G. max associates with nitrogen (N) fixing bacteria that can 
maintain higher soil inorganic N concentrations throughout the growing season compared to a 
single pulse of N fertilizer. Over the past 30 years, mean annual precipitation was 1045 mm and 
mean annual temperature was 10 °C at this site (Illinois climate network 2017). During this time 
period, the average growing season (June-September) air temperature ranged 22 – 24 °C and the 
mean April temperature averaged 11 °C (Illinois climate network 2017).  
 
4.3.2 STUDY DESIGN 
To capture spatial and temporal variability in soil GHG emissions, net soil-atmosphere 
fluxes of N2O were measured 11 times from April 2017 through September 2017 from 65 
sampling locations chosen to cover a range in soil series classifications and elevation found at 
the study site (Figure 4.1). These sampling dates included measurements the day after two large 
rain events in which over 30 mm of rain fell in a 24-hour period (on May 1 and June 15) and 
after 4 smaller rain events (April 7, April 17, July 12, and August 4). LIDAR derived 
topographic indices and soil series classifications were used to guide the selection of sampling 
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locations. Sampling locations were chosen to span the elevation gradient in the field and to 
include areas that were identified as topographic depressions by the topographic fill model. 
Sampling locations were also chosen to span the different soil series present in the field, with the 
goal of covering spatial variability in soil properties relevant to soil drainage such as soil texture. 
There are three geographically associated soil series within the field that form a toposequence 
from upslope to depressional landform positions: Dana fine-silty soils, Flanagan silt loams, and 
Drummer silty clay loams. Soil series classifications were determined online using the Natural 
Resource and Conservation Service’s Web Soil Survey tool (Soil Survey Staff 2006).  
 
4.3.3 INDICES OF SOIL DRAINAGE 
LIDAR derived topographic indices and magnetic susceptibility were used to identify 
areas likely to experience ponding following rain events. Elevation, latitude, and longitude of 
each sampling location was measured using a Trimble RTK GPS (Trimble, Sunnyvale, CA) with 
accuracy ± 10 cm. Localized depression index was calculated using a hydraulic fill model based 
on a digital terrain model (DTM) derived from LIDAR data from the Illinois clearinghouse 
(Illinois State Geological Survey). This was done within ArcGIS v. 10.5 (ESRI, Redlands, CA). 
Magnetic susceptibility was measured using a MS2 meter and MS2D loop attachment 
(Bartington Instruments Ltd, Oxon, England). Magnetic susceptibility is reported in 







4.3.4 SOIL CHARACTERISTICS 
To characterize soil properties that may be drivers of soil N2O emissions, soil organic C 
concentration, pH, bulk density, and texture were also measured from a soil sample collected at 
each gas flux sampling location at the end of the growing season. A 5 cm diameter by 10 cm 
depth soil core was taken from each location using a stainless-steel soil corer (AMS, Inc., 
American Falls, ID). The soil samples were weighed and air dried in the laboratory prior to 
analyses. Soil organic C (SOC) concentrations were measured on ground soil samples using a 
Vario Micro Cube elemental analyzer (Elementar, Hanau, Germany). Bulk density was 
calculated as the dry soil weight divided by the volume of the core; the mass of rocks and 
organic matter were subtracted from the soil mass. The pH of each sample was measured in a 1:1 
ratio of dry soil to deionized H2O. Soil texture was measured using a hydrometer method (Gee & 
Bauder 1986). Inorganic N concentrations were not measured since they vary greatly over short 
timescales (Krichels et al. 2019; Sebilo et al. 2013).  
 
4.3.5 SOIL OXYGEN MEASUREMENTS  
To determine how rain events affected surface and subsoil O2 concentrations throughout 
the field, we monitored bulk soil O2 concentrations at 10 cm and 20 cm depths quasi-
continuously in the field. We installed Apogee SO-110 oxygen sensors fitted with AO-001 
diffusion heads (Apogee Instruments, Logan, UT) at 4 locations within the field on April 4, 
2017. The locations were chosen to cover the east to west elevation gradient across the field 
(Figure 4.1a). Voltage from the SO-110 sensors was measured every minute, and 30-minute 
averages were recorded on a CR-100 datalogger (Campbell Scientific, Logan, UT). Voltage 
measurements were converted to relative percent O2 using a unique calibration factor for each 
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probe empirically determined in the laboratory prior to field deployment. The probes were 
calibrated based on mV measurements at 0 % O2 (dinitrogen gas) and 20.95 % O2 (ambient air) 
in sealed jars containing water to create a humid environment. An empirical function provided in 
the Apogee SO-110 owner's manual was used to correct soil O2 concentrations for temperature in 
the diffusion head as measured by the SO-110 sensor and atmospheric pressure measured at a 
nearby weather station (Illinois climate network 2017). Sensors were removed from the field 
from May 18 through June 1 for planting of G. max, and from June 29 through July 2 for 
application of pesticides. Data are also missing from 3 of the sensors starting July 22 due to 
battery failures.   
 
4.3.6 FIELD TRACE GAS MEASUREMENTS 
Net soil-atmosphere N2O fluxes were measured manually using two piece surface flux 
chambers. The chambers consisted of a 10 cm tall by 26 cm diameter vented acrylonitrile-
butadiene-styrene (ABS) chamber lid equipped with a rubber septum port and a vent placed on 
top of a PVC collar (Matson et al. 1990). The PVC collars were initially installed at each 
sampling location one week prior to the first sampling date on April 7, 2017. The collars were 
inserted approximately 3 cm into the soil and were left in the field for the majority of the 
growing season. The collars had to be temporarily removed from May 17 through June 1, 2017 
for planting of G. max, and from June 29 through July 2 for the application of pesticides to the 
field. The collars were reinstalled within 10 cm of their original location as determined using a 
portable GPS (Trimble RTK). A 15 mL gas sample was collected from each chamber at 0, 10, 
20, and 30 minutes after closing the lid. The gas samples were stored in 10 mL pre-evacuated 
glass vials sealed with thick rubber septa (Geo-Microbial Technologies, Inc., Ochelata, OK) and 
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aluminum crimps (Wheaton Industries Inc., Millville, NJ). After gas samples were collected, soil 
temperature and chamber temperature were measured using an Acorn Temp 5 meter (Oakton 
Instruments, Vernon Hills, IL). All gas samples were analyzed on a Shimadzu GC-2014  
(Shimadzu Scientific Instruments, Columbia, MD) gas chromatograph (GC) equipped with an 
electron capture detector to measure concentrations of N2O. Net N2O fluxes were determined 
from the change in gas concentration over time using an iterative model that fits an exponential 
curve to the data (Matthias et al. 1978). Fluxes were recorded as zero when there was no 
significant relationship between gas concentration and time (p > 0.05). Net fluxes from the field 
experiment are reported as mean ± standard deviation.  
 
4.3.7 LABORATORY EXPERIMENTAL DESIGN 
We carried out a lab experiment to test our hypothesis that cold temperatures inhibit N2O 
emissions from inundated soils due to limited soil O2 depletion by heterotrophic respiration. We 
sampled soils during the early and late growing season to account for seasonal shifts in microbial 
community composition that could affect microbial activity. We also collected soils from a well-
drained upslope portion of the field as well as from a poorly drained depressional portion of the 
field to determine if controls on soil N2O emissions differ based on topographic position. Intact 
soil cores were flooded and subjected to experimental treatments to manipulate soil NO3- 
concentrations and temperature in a full factorial design (n = 5). The NO3- addition treatment was 
included to determine if soil N2O emissions were limited by soil inorganic N concentrations 
rather than temperature, since G. max fields are not fertilized. Half of the soil cores were 
amended with enough NO3- to increase soil NO3- concentrations by 3.25 ug N- NO3- g-1 dry soil, 
which corresponds to typical soil NO3- concentrations during peak growing season when Z. mays 
80 
 
is planted (Krichels et al. 2019). After flooding the intact soil cores, soil temperature was 
manipulated by placing half of the cores in a cold room that averaged 2 oC over the course of the 
experiment. The rest of the cores were kept at room temperature (22 oC). Net N2O and CO2 
fluxes were measured from each core at 1, 2, and 5 days after flooding the cores. Soil O2 
concentrations at 5 cm depth were measured from a subset of the cores immediately prior to each 
N2O and CO2 flux measurement. 
We collected 20 intact soil cores (0-10 cm depth) from an upslope and a depressional 
portion of the field (40 cores total) in March and in September using a 5 cm diameter soil corer 
fitted with a plastic sleeve for each soil core (AMS, Inc., American Falls, ID). The soils were 
allowed to equilibrate on the benchtop in the laboratory for two days before the experimental 
treatments were initiated. The soil cores were flooded by injecting 10 mL of deionized water into 
each core using a spinal tap needle to evenly distribute the water vertically throughout the core. 
This was done four times such that the 40 mL of added DI completely saturated the soils and left 
minimal (< 0.5 cm) standing water above the soil surface. For the NO3- addition treatment, a 1.02 
mM KNO3- solution in DI was used to flood the cores. The saturated soil cores were placed in 
quart-sized mason jars, which were left open but loosely covered with aluminum foil to keep the 
cores dark and to minimize water loss via evaporation. The intact cores were weighed daily to 
monitor water loss. All soils remained flooded for the duration of the experiment and no cores 
lost more than 1 mL of water over the course of the incubation.  
To measure trace gas emissions from the soil cores, a 15 mL gas sample was collected 
from each jar immediately after sealing it with a lid equipped with butyl septum, and again four 
hours later. Gas samples were stored in pre-evacuated 10 mL vials sealed with rubber septa and 
aluminum crimps (Wheaton Industries Inc., Millville, NJ). Gas samples were analyzed on the 
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GC as described earlier. Net trace gas fluxes were determined by calculating the linear change in 
jar headspace gas concentrations over the four-hour incubation. A minimum detectable flux was 
calculated based on the standard deviation of three standard gas samples (1001 ppm CO2 and 
1.08 ppm N2O) run on the GC. The calculated detection limit for N2O was 0.002 ppm hr-1 and 
for CO2 was 2.4 ppm hr-1. Net fluxes below this limit were considered not detectable and 
estimated as zero. 
To measure soil O2 concentrations, the intact soil cores were equipped with SP-PSt6-
NAU Oxygen Sensor Spots (PreSens Precision Sensing, Regensburg, Germany). Each sensor 
spot was adhered to the inside of the soil core sleeve at 5 cm below the top of the core. These 
sensor spots measure gas and dissolved phase O2 concentrations and are read using a fiber optic 
cable that can communicate with the spot through the plastic core (Fibox4 trace, PreSens 
Precision Sensing, Regensburg, Germany). Due to a limited number of sensor spots, only soil 
cores that did not receive the NO3- addition were equipped with a sensor spot, with only 3 
replicates per treatment randomly selected for O2 monitoring in the early growing season (12 




All statistical analyses were performed using R version 3.5.2 (R Core Team 2018). We 
used linear mixed effects models to determine the best predictors of soil N2O flux on each 
sampling date. This was done using the lme function in the nlme package in R (Pinheiro et al. 
2017). All N2O flux data were log transformed to meet assumptions of normality. When flux 
values below 1 ng N – N2O cm-1 hr-1 occurred from a chamber for a given sampling date, a 
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constant of 1 was added to flux values prior to log transformation. Elevation, localized 
depression index, percent clay, magnetic susceptibility, soil organic C concentrations, and pH 
and were included as fixed independent variables in the initial model. We then used Akaike 
information criterion (AIC) to select which model terms to include in each model using the AIC 
package in R (R core team 2018). We tested for the occurrence of spatial autocorrelation by 
calculating Moran’s I using the ape package in R (Paradis & Schliep 2018). If significant spatial 
autocorrelation was detected, then we corrected for it by adding a correlation matrix based on 
chamber distance from one another as a random effect to the model. Separate models were run 
for each sampling date. On some days many chambers did not exhibit significant N2O emissions. 
However, we still ran our models on these days since hot spots can occur in part of the field even 
when other parts of the field have no detectable net soil-atmosphere N2O fluxes. Means and 
standard deviation are reported for elevation, localized depression index, percent clay, magnetic 
susceptibility, soil organic C concentrations, and pH. Relationships between these variables (R2) 
were calculated using the lm function in R. 
For the lab experiment, we ran mixed effects models to test for the effects of temperature, 
NO3-, and time since soil saturation on both N2O emissions and CO2 emissions from the intact 
soil cores. Separate models were run for soils collected early versus late in the growing season, 
as well as for soils collected from upland versus depressional areas of the field. In each model, 
incubation temperature, NO3- addition, and sampling day were included as fixed variables, and 
core ID was included as a random variable. Core ID was included as a random variable to 
account for repeated measurements of the same cores over the course of the experiment. The 
models were run using the lme function in the nlme package in R (Pinheiro et al. 2017). We then 
used the anova.lme function from the nlme package to determine which factors best predicted 
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both CO2 and N2O emissions. The same analyses were performed for soil O2 concentrations. For 
the soil O2 model, NO3- addition was not included as a factor since O2 concentrations were not 
measured from the cores that received NO3- addition.  
 
4.4 RESULTS 
4.4.1 SOIL DRAINAGE VARIABLES 
The study field exhibited a microtopographic gradient, ranging from 223.6 m above sea 
level at the highest point to 222.6 m above sea level at the lowest (Figure 4.1). The topographic 
fill model showed that 30 of the 65 sampling locations were located in topographic depressions, 
which averaged 0.12 m in depth relative to the immediate surrounding terrain. None of these 
topographic depressions were located on Dana soils, which are the most elevated soil series in 
the toposequence at the site, but they were evenly distributed between Flanagan and Drummer 
soils (Figure 4.1b). Magnetic susceptibility averaged 19.6 X 10-5 ± 12.1 X 10-5 SI units (± 
standard deviation) (Table 4.1) and was positively correlated with elevation (R2 = 0.66, p < 
0.001, n = 65, Table 4.2).  
Soil clay content, SOC concentrations, and pH varied considerably within the field (Table 
4.1). Soil clay content averaged 24.9 ± 4.82 % and ranged 15.2-34.3 %. Soil organic C averaged 
2.30 ± 0.22 % and ranged 1.88-2.72 % throughout the field. Soil bulk density ranged 1.09-1.50 g 
cm-3, while soil pH ranged 5.45-7.17. Soil organic carbon concentration and clay content were 
negatively correlated with elevation (SOC: R2 = 0.38, p < 0.001, n = 65; clay: R2 = 0.56, p < 
0.001, n = 65), while soil pH exhibited a weak positive correlation with elevation (R2 = 0.04, p < 
0.05, n = 65, Table 4.2). Soil organic carbon concentration and clay content were also 
significantly positively correlated (R2 = 0.42, p < 0.001, n = 65, Table 4.2).  
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4.4.2 RAINFALL AND SOIL O2 CONCENTRATIONS  
While cumulative precipitation between April and September 2017 was comparable to 
the previous five growing seasons (Figure 4.2), a greater proportion of this rainfall occurred early 
in the growing season. Between April 1 and June 1, 2017, 300 mm of rain fell, compared to an 
average of 225 ± 34 mm during this same time in 2012 through 2016 (Figure 4.2). However, 
only 177 mm of rain fell between June 1 and September 1, 2017, compared to an average of 337 
± 51 mm during this time frame in 2012 through 2016 (Figure 4.2).  
In situ soil gas phase O2 concentrations in all four locations in the field decreased in 
response to large rain events in the early- to mid- growing season (Figure 4.3). After a 37.1 mm 
rain event on May 1, soil O2 concentrations fell to 5-15 % throughout the field at both 10 and 20 
cm depths. After a 32 mm rain event on June 14, soil O2 remained above 12 % at 10 cm depth 
throughout the field and dropped to 0 % at 20 cm depth in some parts of the field. For the rest of 
the growing season (through the end of September), soil O2 concentrations at both soil depths 
remained close to atmospheric concentrations, despite moderate rain events and one large rain 
event (32 mm on August 28) that occurred after June 15 (Figure 4.3a).  
 
4.4.3 FIELD N2O EMISSIONS 
The highest N2O emissions were observed on June 15, after a 33 mm rain event the 
previous day (Figure 4.4ab). On this date, N2O emissions averaged 66.5 ± 42.6 ng-N cm-1 hr-1 (± 
standard deviation) from the 65 chambers. There was significant spatial autocorrelation in N2O 
flux (Moran's I, p < 0.05) (Table 4.2). The mixed model explained 18% of the variation in N2O 
emissions on this date, with elevation, depression index, magnetic susceptibility, and pH as 
significant model terms (Table 4.3). Magnetic susceptibility was positively correlated with N2O 
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emissions, while the rest of the model terms were negatively correlated with N2O emissions 
(Table 4.3).  
The only other sampling date when all 65 chambers had significant N2O emissions was 
on July 12, after a 24.4 mm rain event, when emissions averaged 10.4 ± 10.1 ng-N cm-1 hr-1. 
There was no significant spatial autocorrelation in N2O emissions on this day (Moran’s I, p = 
0.09). The soil drainage model explained only 9% of the variation in N2O emissions, with 
magnetic susceptibility and pH as the only two terms selected for the model. Magnetic 
susceptibility was positively correlated with N2O emissions, and pH was negatively correlated 
with N2O emissions (Table 4.3).  
The models explained the most variation in N2O emissions on August 10 (R2 = 0.29) and 
September 17 (R2 = 0.28) when no rainfall had fallen in the previous 48 hours. On August 10, 
N2O emissions averaged 2.24 ± 3.41 ng-N cm-1 hr-1, and 39 of the 65 sampling locations had 
significant N2O emissions (Figure 4.4). On this date, elevation and pH were both significant 
terms in the model (p < 0.05) and were negatively correlated with N2O emissions (Table 4.3). On 
September 17, N2O emissions averaged 2.81 ± 3.09 ng-N cm-1 hr-1, and 49 of the 65 sampling 
locations had significant N2O emissions (Figure 4.4). On this date, topographic depression index 
and SOC concentration were the only significant terms in the model (p < 0.05, Table 4.2), with 
both negatively correlated with N2O emissions. During the first 5 sampling dates (April 7 
through June 7), N2O emissions averaged less than 1.0 ng-N cm-1 hr-1 on each day (Figure 4.4b), 






4.4.4 LABORATORY EXPERIMENT 
Early in the growing season, there was a significant interactive effect of temperature and 
day of experiment on soil O2 concentrations, CO2 emissions, and N2O emissions from both 
upslope and depressional soils (Figure 4.5). Soil O2 concentrations remained below 4 % in soils 
incubated at room temperature (Figure 4.5ad). In contrast, O2 concentrations in soils incubated at 
2 oC decreased slowly over the course of the incubation, from 10.9 ± 0.87 % to 2.7  ± 0.90 % in 
upslope soils (temperature * day of experiment interaction: F2,10 = 4.27, p < 0.05, Figure 4.5a) 
and from 13.6 % ± 0.91 % to 3.8 ± 1.0 in depressional soils (temperature * day of experiment 
interaction: F2,10 = 18.2, p < 0.001, Figure 4.5d). Carbon dioxide emissions were consistently 
higher from soils incubated at 22 oC and increased over time in both temperature treatments 
(Figure 4.5be). This pattern was observed for upslope soils (temperature * day of experiment 
interaction: F2,32 = 11.1, p < 0.001, Figure 4.5b) and depressional soils (temperature * day of 
experiment interaction: F2,32 = 5.36, p = 0.01, Figure 4.5e). Nitrous oxide emissions from 
upslope soils were initially greater from soils incubated at 22 oC (0.93 ± 0.16 ng-N g-1 hr-1) 
compared to soils incubated at 2 oC (-0.01 ± 0.01 ng-N g-1 hr-1, Figure 4.5c). However, after 
remaining flooded for four days, this pattern reversed. In upslope soils, N2O emissions decreased 
to 0.01 ± 0.01 ng-N g-1 hr-1 at 22 ⁰C and increased to 0.86 ± 0.58 ng-N g-1 hr-1 at 2 ⁰C 
(temperature * day of experiment interaction: F2,32 = 10.4, p < 0.001). Nitrous oxide emissions 
from depressional soils incubated at 22 oC also decreased over time, but N2O emissions from 
depressional soils incubated at 2 oC were more variable and no obvious temporal pattern was 
observed (temperature * day of experiment interaction: F2,32 = 3.98, p = 0.03; Figure 4.5f).  
Late in the growing season, temperature effects and temporal patterns in soil O2 
concentrations and CO2 emissions mimicked what was observed early in the growing season 
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from both upslope and depressional soils (Figure 4.6). However, patterns in soil N2O emissions 
from upslope soils differed between sampling dates. Specifically, N2O emissions were highest 
from warm NO3- amended upslope soils late in the growing season (temperature * NO3- addition 
interaction: F1,16 = 6.54, p = 0.02, Figure 4.6c), which was not exhibited in the early season. Soil 
N2O emissions from upslope soils incubated at 22 oC remained higher than N2O emissions from 
cold treated soils for the entire late season experiment (Figure 4.6c). Additionally, the NO3- 
amended upslope soils incubated at 22 oC had higher N2O emissions compared to the ambient 
NO3- soils incubated at 22 oC throughout the late season experiment. In contrast, NO3- addition 
did not affect N2O emissions from depressional soils during the late growing season (F1,16 = 2.3, 
p = 0.15). However, there was a significant interaction effect between temperature and day of 
experiment on N2O emissions from depressional soils late in the growing season (F2,32 = 15.4, p 
< 0.001, Figure 4.6f), as was observed from both upslope and depressional soils early in the early 
growing season (Figure 4.5cf).  
 
4.5 DISCUSSION 
Contrary to the static view of rainfall events as triggers of N2O hot moments and 
topographic depressions as N2O hot spots, our data show that hot moments of N2O emissions do 
not always occur after large rain events and topographic depressions do not necessarily 
determine where hot spots of N2O emissions develop. Pulses in soil N2O emissions were only 
observed after one large rain event in June and not after rainfall in the early spring and late 
summer. Results from the lab experiment suggest that cold temperatures prevent the depletion of 
soil O2 concentrations by microbial respiration following large rainfall in the spring, delaying the 
onset of denitrification. Late in the growing season, high plant evapotranspiration rates may 
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prevent large rain events from saturating soils and establishing anoxic conditions necessary for 
N2O production via denitrification. When significant N2O emissions were measured, models 
including various proxies for topography did not explain much of the spatial variation in N2O 
emissions. This may be a result of other controls over soil moisture, such as evapotranspiration, 
preventing spatial patterns in soil O2 concentrations. We also show that soil drainage legacy 
effects can develop over the course of the growing season and that this may obscure any spatial 
patterns in soil N2O emissions associated with topographic variation at the field scale. Below, we 
explore possible mechanisms driving these patterns and what consequences they might have for 
predicting N2O emissions in response to climate change. 
We hypothesized that different indices of topography would best predict field-scale 
variation in soil N2O emissions based on recent rainfall amounts but found that all indices we 
examined were weak predictors. While different topographic indices were significant model 
terms on each sampling date, no model explained more that 29% of the spatial variation in soil 
N2O emissions on any given day (Table 4.3). This contrasts with prior observations that poorly 
drained topographic depressions consistently act as hot spots of soil N2O emissions (Turner et al. 
2016; Velthof et al. 1996; Yanai et al. 2003). However, these studies targeted measurements after 
fertilization that could have led to NO3- accumulation in depressions to create the N2O hot spots, 
whereas we intentionally conducted our study in unfertilized G. max field to isolate the effects of 
rainfall and topography on soil N2O emissions. The field-scale patterns in soil N2O emissions 
over the growing season suggest other variables not directly related to topography could be more 
important in explaining spatial variation in soil N2O emissions. For example, during peak 
growing season, high evapotranspiration rates from crops can draw large amounts of water out of 
soils (Sophocleous 2002), helping retain oxic conditions that prevent denitrification from taking 
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place (Knowles 1982). As such, at peak plant biomass, high evapotranspiration rates may prevent 
depressional areas from experiencing hypoxic conditions necessary to drive spatial patterns in 
N2O emissions. Moreover, spatial variation in other soil properties such as microbial community 
composition (Philippot et al. 2009) or soil structure (Palta et al. 2016) may contribute to field-
scale patterns in soil N2O emissions. This may explain why our models, which did not include 
these variables, only explained up to 18 % of the variation in soil N2O emissions after a large 
rain event in mid-June when emissions were the most variable across the field. Although our data 
did not support our hypothesis, they do suggest that the controls on spatial variation in soil N2O 
emissions likely change over the course of the growing season and that topographic indices alone 
are insufficient to predict much of this variation.  
Historical soil drainage legacy effects can make it difficult to use topographic indices to 
predict the location of hot spots of N2O emissions. Results from the lab experiment show that 
late in the growing season, inundated upslope soils had higher N2O emissions compared to 
depressional soils under warm temperatures (Figure 4.6c), as has been shown in a nearby field 
(Krichels et al. 2019). This effect was not present early in the growing season (Figure 4.5c), 
suggesting that upland and depressional soils have different controls over N2O dynamics that are 
established over the course of the growing season. For example, upland and depressional soils 
can have distinct denitrifying microbial communities (Suriyavirun et al. 2019), and the active 
community composition may further diverge over the course of the growing as a result of 
differences in soil O2 fluctuations (DeAngelis et al. 2010; Krichels et al. 2019) or plant-microbe 
interactions (Buyer et al. 2002; Mbuthia et al. 2015). Furthermore, differences in soil structure 
between upslope and depressional soils can alter the distribution of water and O2 in soil pores 
(Algayer et al. 2014; Askaer et al. 2010; Sey et al. 2008), thus affecting soil denitrification rates 
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(Krichels et al. 2019; Palta et al. 2016). Changes in soil structure can occur over the course of the 
growing season as a result of variable water fluctuations (De-Campos et al. 2009; Horn & 
Smucker 2005; Six et al. 2004), and may be homogenized following annual tillage of agricultural 
fields (Six et al. 2004). As such, historical soils drainage legacy effects can be established over 
the course of the growing season, contributing to the dynamic nature of hot spots and hot 
moments of N2O emissions. 
Although precipitation is often associated with hot moments of soil N2O emissions 
(Dobbie & Smith 2003; Li et al. 1992; Sexstone et al. 1985), we found that hot moments only 
occurred following large rain events during the middle of the growing season (Figure 4.4). 
Heavy rainfall stimulated the highest N2O emissions observed in this study during warm 
conditions in mid-June, but rain events of similar magnitude failed to stimulate hot moments in 
N2O emissions under cool conditions early in the growing season. In the laboratory, microbial 
respiration in cold soils was significantly lower than in warm soils and took multiple days to 
consume enough O2 to induce denitrification (Figure 4.5, Figure 4.6), supporting our hypothesis 
that low temperatures can indirectly inhibit denitrification. Temperature limitation of N2O 
emissions occurred even when NO3- was added to soil incubations in the lab, suggesting that low 
N2O emissions observed in the field during the cool spring may not have been due to NO3- 
limitation in unfertilized G. max fields. While the laboratory treatment was colder than spring 
soil temperatures in the field, cool soil temperatures in the field could still slow microbial 
respiration enough to delay the onset of hypoxic conditions for over 24 hours following rainfall, 
the time scale at which our field measurements were conducted. Higher O2 concentrations in cold 
incubated soils were not just a result of increased solubility of O2 in cold water (Han & Bartels 
1996), since the low respiration rates under cold conditions still decreased dissolved O2 
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concentrations over the four day incubation. While low temperatures can directly inhibit 
denitrification enzyme activity (Braker et al. 2010; Holtan-Hartwig et al. 2002), N2O emissions 
from soils increased after four days of flooding under cold conditions. This increase was 
concomitant with a decline in soil O2 concentrations, suggesting that the presence of O2 rather 
than direct temperature limitation on denitrifier activity suppressed N2O emissions under cold 
conditions. Ponding of depressional areas typically only lasts 1-2 days following large rainfall 
(Krichels et al. 2019), which may not be long enough to stimulate denitrification under cold 
conditions. As such, the development of N2O hot spots following spring rainfall can be delayed 
if cool temperatures constrain O2 consumption in soil pore water.   
In conclusion, we show that the controls on the location and timing of hot spots and hot 
moments of N2O emissions are dynamic over the course of the growing season. Topographic 
depressions did not consistently act as hot spots of N2O emissions, and large rain events only 
triggered hot moments of N2O emissions under warm conditions during peak growing season. 
Seasonal changes in temperature, crop growth, and soil microbial community composition may 
mediate the effects of topography and rainfall on soil N2O emissions, leading to dynamic 
controls on the formation of N2O hot spots and hot moments. Global climate models predict that 
a greater proportion of cumulative annual rainfall will occur in spring instead of summer months, 
resulting in wetter springs and drier summers (USGCRP 2009; Min et al. 2011). Changes in soil 
greenhouse gas emissions in response to changing precipitation regimes have the potential to 
feed back on climate change. Our findings suggest that cool temperatures may constrain N2O hot 
moments in response to spring precipitation, and topographic depressions may not harbor N2O 
hot spots during drier summer months. This suggests that increased frequency and magnitude of 
precipitation events may not necessarily increase soil N2O emissions to have a positive feedback 
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on climate change. Moving beyond a static view of depressions and large rain events as triggers 
for N2O hot spots and hot moments could allow us to better predict ecosystem scale changes in 
soil N2O emissions resulting from changing precipitation regimes. 
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4.7 TABLES AND FIGURES 
Table 4.1. Mean, standard deviation, minimum, and maximum of soil properties across 65 
sampling locations within the study field.   
 
 Mean Standard deviation Minimum Maximum 
Elevation (masl) 222.6 0.30 222.3 223.6 
Magnetic susceptibility 19.6 12.1 11.1 69.1 
Soil organic C concentration (%) 2.30 0.22 1.88 2.72 
Clay content (%) 24.9 4.82 15.2 34.3 





















Table 4.2. Coefficient of determination (R2) between all measured soil properties as determined 
using linear models. Bold values indicate significant correlation at p < 0.05.  
 Depression Clay MS SOC pH 
Elevation 0.16 0.56 0.66 0.38 0.04 
Depression  0.11 0.07 0.04 0.06 
Clay   0.22 0.42 0.01 
MS    0.10 0.03 






















Table 4.3. Summary of statistical results from soil drainage linear mixed effects models of N2O 
emissions on each sampling date. 
 
 Elevation Depression Clay MS SOC pH R2 Moran’s I 
April 7 -0.38 - -0.06 0.02 0.63 - 0.22 0.11 
April 17 - - - - - - 0.00 0.39 
May 1 0.14 - - -0.01 - - 0.09 0.20 
May 16 0.04 - 0.01 - - - 0.05 0.79 
June 7 0.29 - - -0.02 - -1.7 0.16 <0.01 
June 15 -0.34 -0.36 - 0.02 - -3.7 0.18 0.03 
June 28 - - -0.04 - - - 0.08 0.83 
July 12 - - - -0.01 - 2.9 0.09 0.09 
August 4 0.61 -0.04 - - 1.89  0.19 <0.01 
August 10 -0.41 - - 0.02 - -5.1 0.29 <0.01 
Sept 17 - -0.43 - - -0.87 - 0.28 <0.01 
 
The dependent variable in this model was log(N2O emissions + 1) and the independent variables 
were elevation, depression index, clay content, magnetic susceptibility (MS), soil organic C 
concentration (SOC), and pH. AIC selection criteria were used to select model terms; only the 
selected terms are reported for each model. The coefficient for each model term is presented; 
coefficients for statistically significant model terms (p < 0.05) are in bold. The total R2 for each 
model is also presented. When spatial autocorrelation was detected (Morans I < 0.05), the model 















Figure 4.1. Soil series classifications (a), elevation (b), and localized depressions (c) of the 100 
m x 120 m study field in the UIUC Energy Farm. Scaled red dots represent magnitude of N2O 
emissions from each of the 65 chambers on June 15, 2017, the day after a 32 mm rain event. The 
numbers indicate the locations where soil O2 concentrations were measured within the field and 





Figure 4.2. Cumulative precipitation during the 2012 - 2017 growing seasons (April 1 through 
September 15). The red line represents the 2017 growing season when this study was conducted, 





























Figure 4.3. Daily precipitation (mm) (a), soil O2 concentrations (%) at 10 cm depth (b) and soil 
O2 concentration at 20 cm depth (c). Different colors represent different sensor locations within 
the field as shown in Figure 1a. The numbers correspond to the locations shown in Figure 1a. 
Sensors were removed from the field from May 18 through June 1 for planting of G. max, and 
from June 29 through July 2 for application of pesticides. Data are also missing from 3 of the 
















Figure 4.4. Total rainfall over the 48 hours prior to trace gas measurements (a), mean soil 
temperature ± standard deviation (b), mean N2O emissions (c), and CO2 emissions (d) as 
measured on 11 days over the course of the 2017 growing season. The line in each box in panels 
c and d represents the mean (n = 6 for a-c, n = 12 for d), the upper and lower portions of each 
box correspond to the 25th and 75th percentiles, the whiskers extend to the upper and lower inter-










Figure 4.5. Soil O2 concentration at 5 cm depth (a, d), CO2 emissions (b, e), and N2O emissions 
(c, f) from intact soil cores for the lab incubation experiment conducted early in the growing 
season (n = 3 for a and d, n = 5 for b, c, e, and f). Error bars represent standard errors. Data for 
soils collected from an upslope portion of the field (a, b, c) and a depressional portion of the field 
(d, e, f) are shown separately. Gray lines correspond to soils incubated at 2 oC, while black lines 
correspond to soils incubated at 22 oC. Dashed lines represent soils amended with NO3-, and 









Figure 4.6. Soil O2 concentration at 5 cm depth (a, d), CO2 emissions (b, e), and N2O emissions 
(c, f) from intact soil cores for the lab incubation experiment conducted late in the growing 
season (n = 5). Error bars represent standard errors. Data for soils collected from an upslope 
portion of the field (a, b, c) and a depressional portion of the field (d, e, f) are shown separately. 
Gray lines correspond to soils incubated at 2 oC, while black lines correspond to soils incubated 









CHAPTER 5: CONCLUSION 
 
In this dissertation, I have demonstrated that historical soil drainage mediates the 
response of GHG fluxes from mesic agricultural soils to contemporary environmental conditions. 
Upslope soils that have not historically ponded exhibited higher N2O emissions and lower CO2 
emissions when inundated than depressional soils with a history of episodic ponding. Differences 
in soil structure, Fe availability, and microbial community composition contribute to these 
patterns. These soil drainage legacy effects confound patterns in soil CO2 and N2O emissions 
that might otherwise be expected as a result of distribution of soil moisture across a 
microtopographic gradient. Here, I discuss potential mechanisms driving these effects, and what 
implications they have for understanding how soil GHG emissions will respond to amplification 
of the hydrological cycle.  
The goal of the second chapter of my dissertation was to determine if historical soil 
drainage affects the response of CO2 and N2O emissions from upland soils to intense 
precipitation events. I showed that soil GHG emissions were a result of different contemporary 
ponding status as well as historical soil drainage, suggesting that historical soil redox regimes 
regulate soil GHG dynamics in response to precipitation. Specifically, ponding of upslope (well-
drained) soils led to pulses of net N2O efflux caused by stimulation of gross N2O production by 
denitrifiers. In contrast, depressional (poorly-drained) soils had high net N2O effluxes only 
between large rain events, and gross N2O production was inhibited following ponding. Soil CO2 
efflux was greater from depressional soils under laboratory conditions, but autotrophic 
respiration obscured this trend in the field. I propose that differences in N2O production are 
likely a result of a more porous soil structure in upslope soils allowing for the occurrence of 
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nitrification under ponded conditions, thus providing a supply of NO3- to fuel N2O production 
via denitrification. Further, I suggest that higher CO2 emissions from depressional soils may be 
from higher rates of dissimilatory Fe reduction in depressional soils. Microbial community 
composition can also differ by soil drainage history but the functional importance of this relative 
to the role of soil properties differences in driving the legacy effect on GHG fluxes is yet to be 
determined. Building from this, I explored possible mechanisms driving these legacy effects and 
how they might contribute to field scale variation in soil GHG emissions throughout the 
remainder of my dissertation.  
In chapter 3, I examined if the oxidation and reduction of reactive Fe compounds 
facilitate greater CO2 and N2O emissions in depressional compared to upslope soils in response 
to flooding and drainage. I found that the reduction and oxidation of Fe compounds can drive 
CO2 and N2O emissions from upland soils, and that these processes may be particularly 
important in microtopographic depressions. Depressional soils have higher capacity for Fe 
reduction under ponded conditions, likely as a result of greater abundance of microbial taxa 
capable of Fe reduction in these soils (Suriyavirun et al. 2019). This could fuel anaerobic 
respiration of DOC compounds deposited in depressional areas following heavy rainfall. 
Accumulation of reduced Fe compounds in depressional soils could also contribute to N2O 
emissions through the process of chemodenitrification. Iron redox reactions are not often 
accounted for in upland soils but have the potential to significantly contribute to both CO2 and 
N2O emissions as soil redox fluctuates in response to precipitation. As climate change-induced 
rainfall intensification results in greater extent and duration of flooding of depressional upland 
soils, Fe mediated C and N transformations may become increasingly important pathways of soil 
greenhouse gas emissions that can feed back on climate change.  
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Finally, in chapter 4, I examined if soil drainage can be used to explain field scale 
variation in soil N2O emissions, and if this relationship is contingent upon environmental 
conditions. Spatially extensive measurements of soil GHG emissions showed that indices related 
to soil drainage do not help explain the large spatial variation in soil N2O emissions, likely due to 
confounding interactions between contemporary environmental conditions and soil drainage 
legacy effects. No combination of variables related to soil drainage explained more than 29% of 
the variation in soil N2O emissions on any one sampling day. Contemporary soil O2 
concentrations and legacy effects of soil drainage can have counteracting effects on soil N2O 
emissions, and this may explain the poor explanatory power of our models. For example, when 
depressional areas experience conditions favorable for denitrification due to water accumulation, 
soil structure or microbial community composition in these areas can constrain N2O emissions. 
Additionally, large rain events (>30 mm) led to a N2O hot moment only in the early summer and 
not in the cool spring or later in the summer when crops were at peak growth and likely had high 
evapotranspiration rates. In a laboratory experiment, we demonstrated that low heterotrophic 
respiration rates at cold temperatures slowly depleted soil dissolved O2, thus suppressing 
denitrification over the 2-3 day timescale typical of field ponding. These findings suggest that 
cool temperatures may constrain N2O hot moments in response to spring precipitation, and 
topographic depressions may not harbor N2O hot spots during drier summer months. 
Furthermore, accurate predictions of field-scale soil N2O emissions may need to account for both 
contemporary environmental conditions as well as historical soil drainage legacy effects.  
Taken together, my dissertation research demonstrates that soil drainage history can alter 
soil biotic and abiotic properties, and that these soil drainage legacy effects can be important 
drivers of CO2 and N2O emissions from upland soils. Upslope soils have higher rates of N2O 
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production via denitrification while ponded, while depressional areas can maintain conditions 
that support N2O production in-between large rain events. Differences in Fe abundance and 
microbial community composition likely contribute to this pattern. Greater abundance of Fe 
reducing microorganisms in depressional soils may facilitate the production of CO2 from 
dissimilatory Fe reduction under ponded conditions. Additionally, Fe reduction produces Fe(II) 
compounds that stimulate N2O via chemodenitrification, which in turn can fuel N2O emissions 
from depressional soils that harbor persistent anaerobic microsites. In contrast, upslope soils may 
have a more opportunistic denitrifier community that facilitates high rates of microbial 
denitrification in response to ponding. I am currently assessing this by comparing how the active 
denitrifier community changes in response to ponding in upslope versus depressional soils. 
These soil drainage legacy effects may counteract patterns in soil N2O emissions that might 
otherwise be expected as a result of the distribution of soil moisture across microtopographic 
gradients, potentially explaining why current models fail to explain much spatial variation in 
field-scale soil N2O emissions. My dissertation research shows that incorporating soil drainage 
legacy effects is necessary in order to better predict how soil GHG emissions will respond to 
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APPENDIX A: CHAPTER 2 SUPPLEMENTAL MATERIAL 
 
Figure A1. Soil NH4+ (a), NO3- (b), and moisture (c) by drainage class and experimental  
treatment for the N2O Source Experiment in 2015. Measurements were made immediately prior  
to the start of the 15N tracer experiment. Letters represent significant differences between each  
mean determined using Tukey HSD corrected multiple pairwise comparisons (p < 0.05). Error  






APPENDIX B: CHAPTER 3 SUPPLEMENTAL MATERIAL 
 
Table B1. Results from ANOVAs run on mixed effects models examining the treatment effect on 
soil CO2 emissions during the early season lab experiment. 
 
Site Drainage class Degrees of freedom F value P value 
South Farm upslope 3,73 7.7 <0.001  
depressional 3,73 17 <0.001 
Energy Farm upslope 3,72 13 <0.001  
depressional 3,73 3.2    0.03 
Cardinal Road upslope 3,73 3.4    0.02  
depressional 3,73 6.3 <0.001 
 
Log transformed CO2 emissions were included as the dependent variable, treatment was the 
independent variable, and date was included as a random variable. Significant p-values (p < 
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Figure B1. Soil CO2 emissions (mean ± SE, n = 5) from unamended control soils from the South 
Farm (a), the Energy Farm (b), and Cardinal Road (c) over the course of the early season 
experiment. Solid lines represent emissions from depressional soils, and dotted lines represent 
emissions from upslope soils. Shaded areas represent when the soil cores were flooded. Results 
from ANOVAs run on linear mixed effects models are presented within each panel. Interaction 
effects are presented when significant interactions were detected. Otherwise, significant main 
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Figure B3. Effect size of treatments on soil CO2 emissions from upslope (a,b,c) and depressional 
(d,e,f) soils from the South Farm (a,d), the Energy Farm (b,e), and Cardinal Road (c,f) during the 
early season experiment. The treatment effect was calculated as the difference between net CO2 
emissions from soil receiving a given treatment amendment compared to unamended control 
soils.. Error bars represent propagated standard error (n = 5) of the difference between the 














Figure B4. Effect size of treatments on soil N2O emissions from upslope (a,b,c) and depressional 
(d,e,f) soils from the South Farm (a,d), the Energy Farm (b,e), and Cardinal Road (c,f) during the 
early season experiment. The treatment effect was calculated as the difference between net N2O 
emissions from soil receiving a given treatment amendment compared to unamended control 
soils. Error bars represent propagated standard error (n = 5) of the difference between the control 
and treatment means. Colors represent each treatment. Gray shading indicates when soils were 
flooded. 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
